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ABSTRACT
JOANNA ZIELINSKA PARK: Microbial Metabolites of Polycyclic Aromatic Hydrocarbons:
Genotoxicity and Relevance to Contaminated Soils
(Under the direction of Michael D. Aitken)
Soils at hazardous waste sites contain complex mixtures of chemicals and are often
difficult to characterize in terms of risk to human and ecological health. Over time,
biogeochemical processes can decrease the apparent concentrations of pollutants, but can
also lead to accumulation of new products whose toxicity and behavior in the environment
are often not considered. The first part of this study evaluated the toxicity of two bacterial
transformation products of polycyclic aromatic hydrocarbons (PAHs), pyrene-4,5-quinone
(P45Q) and fluoranthene-2,3-quinone (F23Q). Both quinones caused oxidative DNA
damage in vitro by the production of reactive oxygen species (ROS). Hydrogen peroxide and
copper were essential for causing oxidative DNA damage. F23Q was toxic to HeLa S3 cells,
but did not produce measurable levels of ADL or base oxidation. P45Q caused both ADL
and base oxidation in cells. Neocuproine reduced the amount of ADL caused by P45Q,
indicating that copper was still important for the intracellular generation of damaging
oxidants. P45Q is a novel metabolite and its effects on DNA have not previously been
investigated.
To assess the significance of redox-active bacterial metabolites on the toxicity of
PAH-contaminated soil, a bioassay-directed fractionation technique was employed for the
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detection of mutagens in organic soil extracts. The bacterial tryptophan reverse mutation
assay with E. coli WP2 uvrA/pKM101 (IC188) and E. coli WP2 uvrA oxyR/pKM101 (IC203)
was used to screen fractions for genotoxicity. Strain IC203 carries the oxyR30 mutation
which prevents the expression of anti-oxidant proteins in response to oxidative stress and
increases its reversion by ROS-generating compounds. Polar fractions of PAH-contaminated
soil extracts were mutagenic to strain IC203, but not to the OxyR-proficient strain, IC188.
Catalase was able to reduce IC203 reversion, further implicating the involvement of reactive
oxygen species. Oxidized PAHs, including quinones, were identified in the mutagenic
fractions, but were not by themselves mutagenic to either strain. Transition metals were
detected in mutagenic as well as non-mutagenic fractions, but no clear relationship between
metal content and oxidative mutagenicity could be established from the data. Interactions
between chemicals or complex organic molecules may have contributed to the oxidative
mutagenicity of the fractions.
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1. INTRODUCTION
Polycyclic aromatic hydrocarbons (PAHs) enter the environment as byproducts from the
pyrolysis of organic material and petroleum processing, and they are common pollutants of
soils and sediments [1,2]. The United States Environmental Protection Agency (EPA)
regulates sixteen PAH compounds as priority pollutants, and classifies seven of them as
probable human carcinogens. PAHs are resistant to chemical and biological transformation
and typically persist in the environment for long periods of time [3,4]. Despite their relative
stability, reactions of PAHs in the environment are well documented and microbial
metabolism is considered the most important transformation process of PAHs in soils [1,2].
Bacteria in soil are capable of extensive breakdown of PAHs, and bioremediation has long
been considered as a treatment option for heavily contaminated sites. In many cases,
however, degradation of PAHs is not complete and the resulting residuals are composed of
the more recalcitrant high molecular weight (HMW) PAH and partially degraded PAH
products [5,6], many of which have not yet been chemically identified [7-11].
Previous studies in our laboratory have focused on products from the incomplete
metabolism of HMW PAH by pure cultures and the effects of those products on PAH
biodegradation and toxicity [10,11]. The metabolites, identified as dihydrodiols and ortho-
quinones of the parent compounds, were shown to inhibit the degradation of phenanthrene, a
3-ring PAH commonly used as a bacterial growth substrate, as well as the co-metabolic
mineralization of benzo[a]pyrene, a carcinogenic HMW PAH. PAH quinones are also of
concern from a toxicological standpoint since they have the potential to cause oxidative
2stress and DNA damage [12-15], and their fate in the environment is uncertain. This makes
the outcomes of PAH metabolism in mixed microbial communities difficult to predict, limits
the effectiveness of bioremediation as a treatment technology, and calls into question the
capability of natural attenuation to adequately detoxify contaminated soils. Since most of the
work on PAH degradation has focused on the disappearance (removal) of the parent
compound, the potential impacts of incomplete metabolism still need to be investigated.
Field-contaminated soils contain mixtures of phases and contaminants, and the
interactions between them are complex and difficult to predict. Non-mineralized products
that accumulate, or are transiently present in soil, may have a detrimental impact on the
performance of the microbial community. They may also be responsible for some of the
toxicity and mutagenicity that is often associated with PAH-contaminated soils and
sediments [16-18], even after active bioremediation has removed much of the parent PAHs
[19-21]. Numerous investigations of PAH-contaminated soils have concluded that
monitoring the concentrations of known contaminants is not an adequate predictor of
toxicity [20,22-27].
The objectives of this research were to investigate the mutagenicity and cytotoxicity
of known bacterial PAH metabolites and evaluate the existence and effects of similar
compounds in field-contaminated soil. In the first part of this work the genotoxicity of two
compounds previously identified as terminal bacterial metabolites of fluoranthene and pyrene
[10,11] was evaluated using purified DNA and mammalian cell assays. The two compounds,
pyrene-4,5-quinone (P45Q) and fluoranthene-2,3-quinone (F23Q), were able to produce
aldehydic lesions and base oxidation in DNA via metal-catalyzed redox cycling and
subsequent production of reactive oxygen species (ROS). Hydrogen peroxide and copper
3were essential for causing oxidative DNA damage. In experiments using HeLa cells, F23Q
decreased cell viability, but did not produce measurable levels of ADL or base oxidation. In
contrast, P45Q caused ADL and base oxidation as well as delayed toxicity indicative of
apoptosis. Neocuproine reduced the amount of ADL caused by P45Q, indicating that copper
was still important for the intracellular generation of damaging oxidants.
For the second objective a bioassay-directed fractionation scheme was developed to
investigate whether direct-acting oxidative mutagens are present in a PAH-contaminated soil
from a former manufactured gas plant (MGP) site. A polar fraction of a solvent extract of the
soil was capable of reverting an oxidative stress sensitive strain of Escherichia coli, and
compounds present in non-polar fractions interfered with the mutagens, rendering the crude
extract non-mutagenic. An additional MGP soil and two soils from former wood preserving
sites were also evaluated using this assay. All four soils exhibited mutagenicity in their polar
fractions and had no activity in the un-fractionated extracts. Mutagenicity was not correlated
with PAH concentrations, degree of soil weathering or the type of process responsible for the
contamination. Gas chromatography-mass spectrometry (GC-MS) was utilized to identify
individual organic compounds in the mutagenic fractions and inductively coupled plasma-
mass spectrometry (ICP-MS) was used to test the fractions for the presence of metals.
Although oxidized PAHs such as quinones and ketones were found in some of the mutagenic
fractions, the fractions exhibiting the highest mutagenic activity contained few identifiable
organic compounds. Redox-active ortho-quinones, such as P45Q and F23Q, were not
detected in any of the samples. Transition metals, including iron, vanadium, chromium, and
zinc were present in digested organic extracts of the soils and were presumed to be present in
the soil as organic-complexed forms [28-30].
4The impact that transformation products of pollutants have on the environment is only
beginning to be explored. In most cases, studies that evaluate biodegradation of organics are
concerned about the disappearance of the parent compound and not with the formation of
new products. Furthermore, many studies that focus on the metabolic pathways of PAH
degradation are performed on individual substances and only rarely deal with a combination
of contaminants. Knowledge about the nature and toxicity of metabolites resulting from
transformation of organic pollutants in contaminated soils is therefore sparse. There is
increasing concern over the fact that risk assessment studies fail to account for these
transformation products, mainly because there is insufficient data available as to their
characteristics, behavior and toxicity [31,32].
2. LITERATURE REVIEW
2.1 Chemical and Physical Properties of PAHs
PAHs are compounds consisting of two or more fused benzene rings, sharing at least
two carbons, in linear, angular or clustered conformations. PAHs are non-polar compounds
characterized by low water solubilities, vapor pressures, and Henry’s constants, as well as
high octanol/water and organic carbon partitioning coefficients (Kow and Koc, respectively),
and high bioconcentration factors (BCF) [33]. The HMW PAHs have lower volatilities and
solubilities than their lighter counterparts and, conversely, higher Kow’s, and Koc’s (Table 1).
The aromatic structures of PAHs are stabilized by resonance energy resulting from the
delocalization of electrons in their chemical bonds. As the size and angularity of a PAH
molecule increase, so does the resonance energy and hence the chemical stability [34].
Resonance energy stabilization and low water solubility are the two primary characteristics
contributing to the environmental persistence of PAHs [3,4].
2.2 PAHs in the Environment
2.2.1 Sources and Incidence
PAHs enter the environment mainly as a result of the incomplete combustion of
organic materials and are a significant component of fossil fuels. The major source of PAHs
in the environment is from atmospheric deposition of particle-associated PAHs, the rate of
which tends to correlate with increasing fossil fuel consumption. Volcanoes and forest fires
6Table 2.1 – Selected properties of representative PAHs
MW 128.17
Csat 31.0
P0La 1.8 x 10-2 
Log (Kow) 3.37
2
3
1
4
6
5
7
8
Naphthalene Log (Koc) N/A
MW 178.23
Csat 1.10
P0La 9.6 x 10-4 
Log (Kow) 4.57
5
8
6
7
109
2
1
34
Phenanthrene Log (Koc)a 4.14
MW 202.25
Csat 0.26
P0L a 5.0 x 10-6 
Log (Kow) 5.228
7
9
5
6
4
3
2
1
Fluoranthene Log (Koc)a 4.58
MW 202.25
Csat 0.132
P0La 2.5 x 10-6 
Log (Kow) 5.18
6
8
7
10
9 2
1
3
4
5
Pyrene Log (Koc)a 4.58
MW 252.31
Csat 0.0038
P0La 5.6 x 10-9 
Log (Kow) 6.04
6
12
11 2
1
3
4
57
8
10
9
Benzo[a]pyrene Log (Koc)a 6.74
MW = molecular weight; Csat = aqueous solubility at 25°C (mg/L); P0L = liquid vapor pressure (mm Hg);
Kow = octanol-water partitioning coefficient; Koc = organic carbon partitioning coefficient.
All data from [35] unless otherwise stated.
a data from [33].
7are natural sources of atmospheric PAHs, while combustion of fuels for heating, industrial
and transportation purposes is the main anthropogenic contribution. PAHs also exist in
highly contaminated local environments created during the processing or release of fossil
fuels and petrochemicals. Examples of these include wood treatment plants and former
manufactured gas plant sites, as well as areas affected by oil spills and refinery wastes
[1,2,36].
PAHs are among the most common pollutants of soils and sediments and typically
exist there as mixtures of the parent compounds, their nitrated and oxygenated analogues,
other pollutants such as aliphatic and chlorinated hydrocarbons, and sometimes metals. Prior
to the widespread use of natural gas, combustible gas manufactured from coal, coke or oil
served as the major fuel source for urban cooking, heating, and lighting for nearly 100 years
[37]. Waste products and residuals from these manufactured gas plant (MGP) sites are
persistent in soil and subsurface environments, and continue to pose remediation and risk
assessment challenges [37-39]. In addition to PAHs, former MGP sites are often
contaminated with volatile hydrocarbons such as benzene, toluene, ethylbenzene and xylene
(BTEX), phenolics, inorganic sulfur and nitrogen compounds, as well as metals such as
cadmium, chromium, mercury or lead [37]. PAHs are also major contaminants at wood-
preserving sites which manufacture and use creosote. Coal tar creosote is a complex mixture
of more than 10,000 different chemical constituents and comprises mostly PAHs (~85%),
phenolic compounds (10-12%) and O-, S- and N- heterocyclics (5-3%) [1,40].
The EPA estimates that from 1800 to the mid-1900’s between 36,000 and 55,000
manufactured gas plants and related coal tar sites operated in the United States [41]. These
sites varied in size from less than one acre to approximately 200 acres. Approximately 88
8percent of the sites are suspected to have had releases of contaminated materials to the
environment and cleanup costs are estimated to be between $26 billion and $128 billion.
PAHs have so far been identified in approximately 49% of the 1,245 contaminated
sites currently on the Environmental Protection Agency’s (EPA’s) National Priority List [41]
and are classified as persistent, bioaccumulative and toxic chemicals [1]. Due to their low
water solubility and vapor pressure, PAHs tend to associate with soils and persist there for
long periods of time. Additional fate processes for PAHs in the environment include
volatilization, photo- or chemical oxidation, bioaccumulation, leaching, and microbial
transformation [1,2].
2.2.2 Characteristics of Petroleum-Contaminated Soils
Soils contaminated with petroleum products contain a multitude of compounds
having a diverse range of chemical and toxicological properties. Although PAHs are the
most widely studied and most frequently monitored compounds at contaminated sites, fossil
fuels and oils are complex mixtures of hydrocarbons and related compounds whose
characterization is the subject of continuous scientific study. The composition and
occurrence of a specific hydrocarbon family in any given petroleum product depends on the
type of fuel, its source, and process history [42]. Petroleum-derived products are often
operationally divided into saturates, aromatics, resins and asphaltenes (SARA) on the basis of
polarity. Saturates include n- and branched-chain alkanes, waxes and paraffins. The aromatic
portion is composed of both mono- and polynuclear compounds. Asphaltenes and resins are
the petroleum components with higher aromaticity, polarity, molecular weight and
heteroatom content [43]. Asphaltenes are defined as the crude oil portion which is insoluble
9in n-alkane solvents, and resins are defined as the fraction retained by polar sorbents such as
alumina or silica that elutes with mixtures of polar solvents [42-44]. Resins play an
important role in the stability of petroleum solutions and suspensions and prevent the
separation of the asphaltene fraction as a discrete phase [44]. The molecular weights and
structures of asphaltenes and resins are still under investigation [43-45]. Resins have lower
molecular weights and higher H/C ratios than asphaltenes, and it is likely that asphaltenes are
the maturation products of the resins, as evidenced by an increase in asphaltene content upon
oxidation of petroleum [44].
Soils contaminated with petroleum hydrocarbons will become weathered over time
through a range of physical, chemical and microbiological processes. An understanding of
how weathered oils and tars behave in the environment remains incomplete [46]. Highly
weathered contaminated soils tend to become depleted in the amount of low molecular
weight (LMW) PAHs through a combination of biological activity, leaching, and
volatilization. The polar fractions tend to become enriched during the weathering process
and it is hypothesized that, during biotransformation, other hydrocarbon fractions are
transformed into resins and refractory polymeric asphaltenes [47]. Haeseler and co-workers
compared the compositions of soils from five different MGP sites to coal tars sampled from
closed storage tanks at two of the sites. They found that overall PAH content was decreased
in the soils (Figure 2.1) with the coal tars containing higher proportions of LMW weight
PAHs. They also found that the resin content had increased in the weathered soil and the
amount of total organic carbon extractable by solvent had decreased [39].
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Figure 2.1 – Compared distribution of organic matter in coal tars (A) and polluted
MGP soils (B). Data are expressed as percent of total organic carbon [39].
2.2.3 Fate and Transport
The behavior of PAHs in the environment is governed chiefly by their
hydrophobicity. With the exception of naphthalene and to a lesser extent some of the three-
ring PAHs, volatility and water solubility are extremely low. Low water solubility
corresponds to a high organic carbon distribution coefficient (Koc), which is a measure of a
16 EPA PAHs 17%
other PAHs 21%
other hydrocarbons
3%
resins 7%
non-extractable
organic matter 52%
16 EPA PAHs 3%
other PAHs 7%
other hydrocarbons
3%
resins 15%
non-extractable
organic matter 72%
A
B
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compound’s affinity for the organic portion of soils. Due to the unfavorable free-energy
costs of dissolution in water, hydrophobic compounds associate strongly with soil organic
matter. Natural soil organic matter is a complex mixture of macromolecules arising from
chemical or biological degradation and cross-linking of organic residues, as well as
biopolymers such as proteins, lignin and cellulose. Also termed humic substances, these
organic polymers are found either adsorbed to the surfaces of mineral particles, or in
dissolved form as humic and fulvic acids [4]. Piatt and Brusseau [48] studied equilibrium
and rate-limited sorption of a wide range of hydrophobic organic compounds (HOCs) and
determined that solute size, shape, and degree of branching, as well as organic coating shape
and thickness influenced both the extent and rate behavior of sorption of pollutants to soils.
Additional organic phases such as tar, soot-like materials, oil, or other non-aqueous phase
liquids can also influence the distribution of PAHs in contaminated soil [49-51]. In soils
with low organic content, the mineral phase may also serve as a sorbent of HOCs [52-54].
Temperature, soil moisture and solution chemistry, including pH and the presence and
concentrations of dissolved salts and metals, also affects pollutant-soil interactions [55-57].
It is therefore not surprising that a given chemical will have varying sorption/desorption
characteristics in soils with similar organic content but dissimilar types and sources of
organic material [58]. Attempts to predict the behavior of pollutants in soils in which organic
matter is present (most soils) are complicated by these interactions [59].
It has often been noted that the longer a contaminant is in contact with soil, the more the
rate of desorption and the mass of contaminant available for desorption decreases. This
phenomenon is often termed ‘aging’ and is attributed to deeper migration of chemicals into
the soil organic matter matrix [59,60]. Sorption of PAHs to soil strongly influences their fate
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and transport in the environment. Retardation of PAHs in the subsurface by association with
stationary soil-bound organic matter tends to localize contamination, but it also increases the
amount of time needed for site remediation [61]. Alternately, facilitated subsurface transport
of pollutants may occur as a result of sorption to dissolved humic acids, colloidal
macromolecular humic substances or humic-coated mineral particles [62-64]. Mackay and
Gschwend [65] observed colloid-facilitated transport of PAHs through groundwater from a
coal tar site and estimated the fluxes of individual PAHs to be as much as 20 times greater
than predicted for their dissolved forms. Association of hydrophobic organics with soil
organic matter decreases their availability to organisms (bioavailability), which complicates
soil remediation by biological processes [63,66], as well as human and ecological exposure
and toxicity assessments [67]. Observations of aging or near-permanent sequestration of
PAHs in soils after long contact times are raising questions about the real risks of residual
concentrations and acceptable clean-up levels [59,68-71]. Although much research has been
devoted to understanding the relationship between sorption and bioavailability, a complete
picture of how each process influences the other is still lacking [69,72,73].
Due to the complex nature of the processes that govern the transfer of soil contaminants
to organisms, laboratory estimation of bioavailability for the purpose of determining
biodegradation potential and risk assessment often produces contradictory results. Laboratory
manipulations such as sterilization of soils to obtain abiotic controls by autoclaving, -
irradiation, or biocide addition can alter soil properties and therefore bioavailability to
varying and unpredictable degrees [69]. It has been cautioned that the artificially
contaminated or ‘spiked’ soils used in many laboratory experiments to determine mass
transfer and biodegradation rates may not be representative of field-contaminated aged soil
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[69,74]. Furthermore, field-contaminated soils are subject to uncontrolled weathering
processes for many years that are vastly different from typical laboratory incubations [69].
2.3 Biological Transformation of PAHs
Metabolism by microorganisms is the most important transformation process of PAHs in
soils and sediments [1,2]. A wide variety of bacteria, fungi, and algae can metabolize PAHs,
and the rate of biodegradation tends to be inversely proportional to the size of the molecule
or the number of aromatic rings [2,3]. PAHs may be transferred to organisms through direct
soil contact or through ingestion [1,63]. Because of their lipophilicity, they tend to have
large bioconcentration factors and high potentials for biomagnification through the food
chain [33,75].
2.3.1 Prokaryotic Metabolism
A large number of different species of bacteria have been isolated for their ability to
degrade PAH. Bacteria can utilize PAHs with up to four rings as sole substrates for growth
and energy, and many are able to transform larger PAHs co-metabolically [3,6]. Growth on
PAHs having five or more rings has not been documented [3,6], although mineralization of
benzo[a]pyrene has been observed by pure cultures and bacterial consortia after growth on a
different substrate [3,76-78]. Typically, bacterial metabolism of PAHs is an aerobic process,
but anaerobic transformation of light PAHs has been observed in contaminated groundwater
[79] and sediments [80]. Since extensive removal of PAHs in field-contaminated soil has not
been reported under anaerobic conditions, the mechanisms and consequences of anaerobic
PAH metabolism will not be considered in this review.
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The first steps in the bacterial aerobic metabolism of polycyclic (as well as
monocyclic and substituted) aromatic compounds involve the incorporation of one or more
molecules of oxygen. Bacterial oxygenases are usually non-heme iron containing enzymes,
although analogues of the eukaryotic heme-based cytochrome P450 enzymes have been
reported in some species of bacteria [81]. Non-heme oxygenases include the Rieske-like
ring hydroxylating dioxygenases, ring cleavage dioxygenases, and methane monooxygenase-
like enzymes.
Frequently, cis-dioxygenation of the aromatic double bond is the first step involved
in the transformation of aromatic hydrocarbons by bacteria. Dioxygenase enzymes can
usually transform multiple substrates and more than 300 cis-diols have been identified as
products from the bacterial transformation of aromatics ranging in size from toluene to
benzo[a]pyrene [82]. The enzymes responsible for these transformations belong to a large
family of multiple subunit proteins usually consisting of an iron-sulfur flavoprotein reductase,
an iron-sulfur ferrodoxin component which transfers electrons from NAD(P)H, and a
terminal oxygenase component containing a Rieske [2Fe-2S] cluster and a non-heme,
mononuclear iron active site [83,84]. Unlike other oxygenases, whose action usually results
in the formation of an epoxide, Rieske dioxygenases produce arene cis-diols by the addition
of both molecules of dioxygen to the C-C double bond of the aromatic ring. Dihydroxylation
of polycyclic aromatic compounds tends to occur at bay regions (Figure 2.2), although
studies with a variant naphthalene dioxygenase yield both K and non-K region metabolites of
phenanthrene [84]. Dihydrodiols resulting from oxygenation at both bay and K regions of
benzo[a]pyrene (Figure 2.2) and benzo[a]anthracene by Mycobacterium have recently been
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identified [76,78]. The K region of pyrene has also been shown to undergo dihydroxylation
by the identification of the cis-4,5-dihydrodiol intermediate [11,85].
K region
Bay
region
OH
OH
O
OH
OH
OH
OHOH
OH
b[a]p-11,12-epoxide
b[a]p-trans-11,12-dihydrodiol b[a]p-cis-11,12-dihydrodiol b[a]p-cis-4,5-dihydrodiol
b[a]p-cis-9,10-dihydrodiolb[a]p
Figure 2.2. Bacterial dihydrodiol metabolites of benzo[a]pyrene (b[a]p). The compound in
brackets is a hypothetical intermediate [78].
Although the production of cis-dihydrodiols from aromatics has traditionally been the
major catalytic activity assigned to Rieske-type dioxygenases, both toluene and naphthalene
dioxygenases have also been reported to catalyze monohydroxylation reactions, as well as
sequential (tandem) mono- and di-hydroxylations, resulting in triols and tetraols of the parent
compound [84,86]. Both cis and trans dihydrodiols occur as a result of pyrene and
benzo[a]pyrene (Figure 2.2) degradation by Mycobacterium spp., and are presumed to result
from di- and mono-hydroxylations, respectively [78,85,87]. Fluoranthene-1,5-quinone as
well as fluoranthene-2,3-quinone are produced from the corresponding dihydrodiols by
strains of Pseudomonas stutzeri and Bacillus cereus during the co-metabolic transformation
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of fluoranthene [10]. Trans-dihydrodiols resulting from the spontaneous rearrangement of
the less stable cis- epimers in aqueous solution have also been observed [84].
After dioxygenation, the next step in bacterial PAH metabolism usually involves
dehydrogenation to form catechols. Dihydrodiol dehydrogenase enzymes are also broad-
specificity enzymes and can act on a variety of dihydrodiols derived from PAHs,
monoaromatics, and biphenyls [88,89]. Studies also show that dehydrogenases involved in
the biotranformation of polychlorinated biphenyls have substrate specificities similar to those
of PAH dihydrodiol dehydrogenases [90-92]. Naphthalene dihydrodiol dehydrogenases
have been reported to be unreactive toward trans- or K region dihydrodiols [88,93], but
identification of K-region PAH dihydrodiol-derived metabolites [11,76,78] as well as
metabolites of PAH trans-dihydrodiols [78] suggests that these reactions do take place.
A key step in the bacterial metabolism of aromatic compounds is the oxidative
cleavage of catechols to yield acyclic moieties. This is accomplished by two distinct families
of dioxygenase enzymes. Intradiol dioxygenases catalyze ortho cleavage of the carbon-
carbon double bond between the hydroxyl groups to give a muconic acid product and require
Fe3+ as a cofactor. Extradiol dioxygenases catalyze meta cleavage of the carbon-carbon bond
adjacent to the hydroxy groups to yield a 2-hydroxymuconaldehyde product and require Fe2+
as a cofactor. Structures from X-ray crystallography show that each family of dioxygenases
has a different set of amino acid ligands surrounding the iron cofactor, but the exact reasons
for the different reaction products are still being evaluated [94]. Unlike the Rieske-type
enzymes, ring cleavage dioxygenases are not highly reactive with dioxygen in the absence of
substrate, and substrate binding is necessary for enzyme activation [83].
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Once the aromatic ring is cleaved, carbons are sequentially removed from the
aliphatic portion leading to metabolites with one fewer ring than the parent substrate (Figure
2.3). Further metabolism eventually leads to monoaromatic compounds such as salicylate,
which are transformed into tricarboxylic acid (TCA) cycle intermediates [95]. It is also
possible for metabolic pathways to overlap, where different PAH products with the same
functional groups are transformed by the same enzymes [87,96]. An example of this is
illustrated in Figure 2.3, which shows products of phenanthrene transformation feeding into
the metabolic pathway for naphthalene.
There is evidence that ring cleavage of the catechol intermediate is the rate-limiting
step in the initial transformation of PAHs by bacteria [97,98]. Rapid autooxidation of the
catechol intermediate leads to the accumulation of quinones (Figure 2.4), which are often
toxic and must be reduced in order to undergo oxidative ring cleavage. Recently, two
separate prokaryotic o-quinone reductases (PQRs) were isolated from a PAH-degrading
Mycobacterium strain that was able to grow on phenanthrene and pyrene [99]. The PQRs
were able to reduce a variety of quinones to the corresponding catechols. The authors
concluded that the mycobacterial PQRs may play an important role in protecting the cell
against the cytotoxicity and genotoxicity of metabolically produced PAH quinones and
prevent the depletion of catechol substrates available for ring cleavage and further
metabolism. Other steps of quinone detoxification may involve enzymatic methylation or
conjugation reactions [96].
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Figure 2.3 Pathways of naphthalene and phenanthrene metabolism by aerobic
bacteria.
2.3.2 Eukaryotic Metabolism
While the objective of prokaryotic enzymatic transformation of PAHs is catabolism and
carbon assimilation, most eukaryotic transformations are meant to facilitate detoxification
and eventual excretion [2,100,101]. In mammalian cells the enzymes involved are classified
into two categories: phase 1 enzymes, which catalyze oxidative reactions, and phase 2
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enzymes, which catalyze conjugative reactions of oxidized PAHs with endogenous
compounds such as sulfuric acid, glucuronic acid and glutathione [102]. The enzymes
responsible for the initial oxidation steps belong to the cytochrome P450 mixed function
oxidase system and transform a variety of xenobiotics into polar intermediates [101]. In
vertebrates, enzymes that transform and detoxify xenobiotics are regulated by the aryl
hydrocarbon receptor, a ligand-dependent transcription factor which binds to a variety of
chemicals, including PAHs [103].
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Naphthalene 1,2-dihydroxynaphthalene
1,2-naphthoquinone
further metabolic
intermediates
mineralization
products
fast
s l o w
a b i o
t i c
Figure 2.4 Metabolic pathway leading to the formation of quinones [98].
Oxidative PAH metabolism is accomplished by microsomal cytochrome P450 enzymes,
which convert PAHs into diol epoxides, radical cations, phenols, and quinones (Figure 4)
[13,100,104]. PAH radical cations arise from one-electron oxidation at the most electrophilic
carbon by a peroxidase. Quinones and epoxides both result from initial monooxygenation,
which produces arene oxides that can be transformed by epoxide
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Figure 2.5. Mammalian oxidative metabolism of PAHs, illustrated for benzo[a]pyrene. The
names of enzymes responsible for each step are in boldface. Where no enzyme is noted, the
reaction occurs spontaneously.
hydrolase into trans-dihydrodiols or that can rearrange non-enzymatically to form phenols.
The trans-dihydrodiols are then transformed to diol epoxides by a subsequent oxygenation by
P450 CYP1A1, a heme-based monooxygenase, or to catechols by dihydrodiol dehydrogenase
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enzymes, members of the aldo-keto reductase superfamily [105]. The catechol undergoes
autooxidation in the presence of oxygen to form a quinone [13,105]. While most PAHs are
transformed by P450 enzymes, only non-K region PAHs are thought to be substrates for
dihydrodiol dehydrogenase [104,106].
Fungi metabolize aromatic compounds in a manner very similar to that of higher
organisms and mammals [107]. Unlike bacteria, fungi do not generally mineralize PAHs and
cannot use them as growth substrates, although some basidiomycetes have the ability to
mineralize PAHs [100,108]. Products identified from fungal transformation of PAHs include
dihydrodiols, quinones, phenols, and dihydrodiol epoxides [100,107]. Formation of
conjugates of polar metabolites for the detoxification of PAHs has also been observed in
fungi [100].
2.3.3 Metabolic Products
During the microbial transformation of xenobiotics, enzymes along the metabolic
pathway may have varying kinetic properties and substrate specificities, which can lead to
the formation and accumulation of transformed products. While an organism may be able to
utilize a particular PAH for growth and energy, transformation of other high molecular
weight analogues by the same organism may not occur at all, or may only occur due to lower
substrate specificity of the enzymes responsible for initial transformations, leading to
incomplete metabolism and formation of oxidized products [109].
In 1955 Murphy and Stone found that 1,2-naphthoquinone was formed from 1,2-
dihydroxynaphthalene by a Pseudomonas strain during growth on naphthalene. The quinone
was not metabolized further and produced a characteristic brownish color in the culture
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medium [7]. Bouchez et al. [8] noted significant metabolite accumulation in pure cultures of
Pseudomonas and Rhodococcus strains growing on PAHs ranging in size from two to four
rings. Metabolite production varied between strains and was highest when the strains were
grown on fluoranthene, a 4-ring PAH. In another study, Ghoshal and Luthy [98] found that
1,2-naphthoquinone was formed during the biodegradation of naphthalene partitioning from
a non-aqueous liquid, and that the rate of quinone production increased with increasing
naphthalene mass transfer rate. Accumulation of metabolic products has also been
demonstrated in several other studies evaluating the biodegradation of PAHs [9-11,97,110]
as well as mono-aromatic substrates [111-113] in pure cultures of bacteria.
2.2.4 Metabolite Inhibition
In many cases, formation and accumulation of oxidized metabolic products exerts
negative influences on substrate biodegradation. In studies using pure cultures of well-
characterized PAH degraders, Kazunga and co-workers [10,11,77] showed that organisms
growing on phenanthrene, a 3-ring PAH, partially oxidized the 4-ring PAHs fluoranthene and
pyrene to dihydrodiols or quinones which were not further broken down by the strains that
produced them. The metabolic products displayed varying degrees of toxicity and inhibited
the mineralization of other PAHs by some of the strains. In another case, survival of a PAH-
degrading strain of Pseudomonas putida in clean and coal tar-contaminated soil decreased
when crystalline naphthalene was added to the system [114]. When the same strain was
grown in aqueous suspensions of crystalline naphthalene, the decrease in cell survival
correlated with the development of a brown pigment in the suspension, which was preceded
by an increase in the concentration of the naphthalene metabolite catechol. High catechol
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accumulation also coincided with low activity of catechol dioxygenase. The authors
concluded that toxicity was due to metabolites and catechol-related condensation products,
possibly quinones arising from catechol autooxidation.
Product toxicity has also been demonstrated during the bacterial degradation of PCBs
[115-118], other aromatic substrates [111-113] and chlorinated aliphatics such as
trichloroethylene (TCE) [119-122]. Toxic effects included inactivation of oxygenase
enzymes, decrease in respiratory activity, depletion of reducing equivalents, generation of
oxidative stress [111,119,120], increased production of stress and antioxidant proteins
[111,115] and decrease in cell viability and eventual cell lysis [116]. In some cases toxic
effects could be ameliorated by the addition of antioxidants such as catalase [123]. In the
case of organisms that cometabolize TCE using monooxygenase enzymes, a loss in the
ability to use common growth substrates was observed after oxidizing even small amounts of
TCE [119,120]. The over-expression of catalase-peroxidase by Mycobacterium sp. in
response to exposure of the strain to pyrene and reduction of pyrene metabolism in response
to H2O2 exposure is additional evidence that bacterial PAH metabolism can lead to excess
production of reactive oxygen species (ROS) and oxidative stress [124].
2.2.5 PAH Metabolites in Contaminated Soils
In a microbial community, the metabolites that are produced by one organism may be
utilized by other organisms leading to further transformation and facilitating mineralization
[72]. Furthermore, oxidized products may react with other metabolites [125] or with
functional groups found in humic substances [126-128] and become permanently sequestered
in the soil matrix. The consequences of ‘bound residue’ formation and of long-term
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breakdown and turnover of soil organic matter on compound sequestration and release are
not well understood [129]. Oxidized products generally possess higher polarity than their
parent compounds, which may increase their dissolution and potential mobility in the
environment [32,72]. It is therefore not clear whether metabolic products accumulate to a
significant degree or exhibit similar negative effects in complex soil matrices with diverse
microbial communities to the same extent that has been observed in pure cultures. There are
a number of studies, however, that have documented the existence of partially oxidized
metabolites in naturally and artificially contaminated soils [130-136] and sediments [18,137-
141]. In all cases, compounds bearing quinone and ketone functional groups were among the
identified chemicals, as illustrated in Table 2.2.
Partially oxidized products may be formed transiently during active bioremediation
but can also persist for longer periods of time once they are generated. In one study little or
no net increase in oxidized metabolite concentrations was observed in bioslurry reactors
treating PAH-contaminated soil, but their concentration remained relatively stable during
treatment [142]. In other studies ketonic and quinonic metabolites were formed as a result of
bioremediation and remained in the system for varying time periods [133-135]. Andersson
and colleagues [143] studied the effects of co-inoculation of PAH-contaminated soil with
wood-rotting fungi and found that ketone and quinone metabolites produced by the fungi had
a large negative effect on indigenous soil bacteria. PAH quinones can also occur in the
environment as a result of photochemical reactions [144,145], causing toxicity to a variety of
organisms including bacteria [145-147], and have been shown to cause lipid peroxidation in
fish liver microsomes through the production of oxidative stress [148].
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Table 2.2 –PAH Oxidation Products Identified in Contaminated Samples
Compounds Matrix Reference(s)
1-acenaphthenone, 1,2-acenaphthalenequinone,
9,10-anthracenequinone, 5,12-naphthacenedione,
7,12-benz[a]anthracenequinone,
7H-benz[de]anthracene-7-one,
4-hydroxy-9-fluoranone, 4-oxapyrene-5-one
MGP soil [136,142,143]
9-fluorenone, 9,10-anthraquinone,
benz[de]anthracene-7-one,
7,12-benz[a]anthracenequinone
Creosote
contaminated soil
[151] [130]
9-fluorenone, 9,10-anthraquinone,
7,12-benz[a]anthracenequinone,
alkyl anthraquinones
Settling pond
sediment
[139]
anthrone, 9,10-anthracenequinone,
9-fluorenone, 7H-benz[de]anthracen-7-one,
1-amino-9,10-anthracenequinone
Estuarine
sediments
[17]
fluorenone, anthraquinone,
benz[a]anthraquinone, pyrenequinone
fluoranthenequinone
Other ketones and quinones
Marine sediments [18,138,141]
The possibility that biological transformation processes can potentially produce toxic
products is supported by several studies which evaluated the toxicity of PAH-contaminated
soils [19,149,150] and groundwater [20] before and after active bioremediation. Hughes and
colleagues [21] observed a 3- to 25-fold increase in the mutagenic potential of creosote
contaminated soil after it had undergone biopile and bioslurry treatment, respectively. An
increase in mutagenicity was not observed during composting and land treatment of the same
soil. All four processes were able to remove comparable and significant fractions of parent
PAHs [24].
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2.4 Toxicity of PAHs and Their Metabolites
The toxicity of PAHs in the environment is mediated by their bioavailability to the
target organism. Parent PAHs can be toxic at high concentrations and can exert a variety of
effects on biological membranes [152]. Hydrophobic compounds such as PAHs can partition
and accumulate in the lipid bilayer and alter membrane structure and function. This can
affect energy transduction across membranes as well as alter the activity of membrane-
embedded proteins, causing toxicity [153]. Due to their low water solubility and sparse
bioavailability, PAHs in the environment are seldom present in high enough concentrations
to be directly toxic to organisms and exert deleterious effects only when they are metabolized
to oxygenated intermediates. In studies using bacterial [154,155] and mammalian cells [156],
PAH oxidation products were found to be significantly more toxic than their parent
compounds. Researchers evaluating the toxicity of PAH quinones arising from
photomodification reactions have also observed a marked increase in toxicity after reaction
of the PAH with solar ultraviolet radiation [146,147].
Metabolic activation of PAHs either by the target organism or by other organisms in
the environment increases their reactivity with cellular components, causing toxicity and
mutagenicity. PAH diol epoxides are known to form adducts with DNA bases, most notably
the N2 and N7 positions of guanine [13]. Radical cations can also form adducts, but these
species may be too short-lived to react with DNA in the nucleus. Adducts formed from the
covalent interaction of electrophiles with DNA can cause base mispairing, abasic sites, and
chromosomal aberrations leading to mutations [157].
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2.4.1 – Redox-Active PAH Quinones
PAH quinones are frequently identified in environmental samples [130-136] and are
thought to play a large role in the toxicity of PAH contaminated soils and sediments as well
as airborne particulate matter [158,158-161]. Once formed, PAH-quinones are reactive
Michael acceptors that have the potential to bind to cellular nucleophiles including DNA,
RNA, proteins, and glutathione [13,162,163,163,164]. Adducts of PAH o-quinones with
DNA and other cellular constituents, most notably cysteine residues on proteins [165] and
glutathione [166] have been observed. PAH quinones can also undergo non-enzymatic two-
electron reduction with cellular reducing equivalents (NAD(P)H) (Figure 2.6) or enzymatic
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Figure 2.6. Redox cycling of PAH quinones
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one-electron reduction with microsomal or mitochondrial enzymes. This establishes futile
redox cycles that amplify the production of reactive oxygen species (ROS), which can
damage DNA by causing strand scission and base modification [13,14,14,162].
Many redox-active compounds have been shown to damage DNA and other cellular
constituents through the production of ROS in the presence of metals [167-170]. In the case
of quinones, redox cycling via reduction by NADPH to either the semiquinone or
hydroquinone initiates a redox cascade which produces superoxide anion and hydrogen
peroxide (H2O2). In the presence of transition metals such as iron or copper, H2O2 can
decompose to yield hydroxyl radical (OH•), a potent oxidant of DNA and other cellular
components [14,162,167,171-175]. Because the extremely reactive OH• tends to combine at
or very close to its site of formation, molecules that have closely associated metal ions are
particularly susceptible to damage by OH• generated from H2O2 [176]. Copper is known to
form stable complexes with DNA [167], which may be the reason why DNA damage
resulting from the redox cycling of quinones with NADPH and copper can be alleviated by
catalase, which mediates the dismutation of H2O2, but not by agents that scavenge OH• [12].
Deactivation of naphthalene dioxygenase [177], catechol ring-cleavage dioxygenase [178],
and cytochrome P450 oxygenase enzymes [179] by H2O2 either by oxidation of the active
site ferrous iron or modification of the surrounding amino acids has also been observed.
Other transition metals such as cadmium, chromium, lead, nickel, vanadium, and zinc also
exhibit the ability to produce ROS, resulting in lipid peroxidation, DNA damage, depletion of
sulfhydryls and altered calcium homeostasis [180]. The concerted activity of PAH quinones
and transition metals is thought to play a large role in the toxicity of particulate matter in
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ambient air and its ability to cause oxidative damage and inflammation in lung tissues [181-
183].
The ability of PAH quinones to alkylate cellular molecules and enter into redox
cycles can produce a variety of toxic effects in cells. Quinones can depolarize mitochondrial
membrane potential by arylation or redox cycling, resulting in ATP depletion and cellular
toxicity [174,184]. Zhu and co-workers [185] showed that a decrease in cellular ATP and
changes in mitochondrial structure preceded a decrease in the survival of stromal cells treated
with benzo[a]pyrene quinone. Cytoskeletal, cellular and sub-cellular membrane proteins can
also be altered by quinones, which can lead to permeability changes and toxicity [186]. The
oxidation of unsaturated membrane lipids by ROS (lipid peroxidation) not only damages the
membrane itself, but also promotes protein and DNA modification by reactive lipid
peroxidation products [173]. Inactivation of proteins by covalent binding to sulfhydryl
groups or the production of protein radicals leading to protein crosslinking may also play an
important role in quinone toxicity [174]. Depletion of glutathione (GSH), an important
reductant in cells, by covalent bonding or dimer formation can alter the redox status of the
cell leading to oxidative stress and toxicity [176]. It is therefore not surprising that PAH
quinones are mutagenic and cytotoxic in numerous bioassays using various Salmonella
typhimurium tester strains and mammalian cells [12,158,187-190].
2.4.2 – PAH-Contaminated Environmental Samples
Contaminated environments contain a multitude of compounds which may be
hazardous to human and ecological health. Since a priori knowledge of relevant toxicants is
often incomplete or unavailable, chemical analysis alone is not an appropriate tool for hazard
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assessment [26,191]. It is therefore evident that monitoring the disappearance of recognized
pollutants is not sufficient to adequately identify hazards due to interactions between existing
compounds and the formation of new compounds by biogeochemical processes.
Consequently, there is increasing interest in applying toxicity tests together with chemical
separation and analysis to determine the efficacy of attenuation processes [27,31,32,191].
Such an approach is often referred to as effect-directed analysis (EDA) [191] or bioassay-
directed analysis (BDA) [18]. The EDA/BDA approach often involves fractionation of the
sample to aid in the chemical identification of toxicants and to reduce chemical interactions
[24,191-193].
Researchers using the BDA approach must select the appropriate methods for
extraction, fractionation, toxicity testing, and analysis. Selection of methods depends on the
matrix and type of contamination and influences the conclusions drawn about a particular
system. Choice of extraction method and solvent will determine which compounds are
recovered from the matrix and fractionation schemes determine interactions between
components [194,195]. Since the toxic potency of the sample and its fractions guide further
separation and chemical analysis, the selection of the bioassay is critical and determines
which toxicants are finally identified [191].
A number of researchers have utilized the BDA approach to identify mutagens in
PAH-contaminated soil [24], sediment [16,18,26,192,193] and atmospheric particulate matter
[158,159,196,197]. Oxidized PAHs have long been suspected of contributing to the adverse
health effects of atmospheric particulates, and PAHs bearing quinone and ketone functional
groups are often identified in polar mutagenic fractions of particulate matter
[17,158,187,196-198]. [18,141]. Many of the studies that deal with PAH-contaminated
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environments conclude that genotoxicity is unrelated to total concentrations of priority PAHs
[17,23,25,26,199,200]. Furthermore, researchers employing a fractionation scheme often
find that crude (un-fractionated) extracts do not reflect the potency of the mutagenic fractions,
indicating that interactions between component classes play an important role in
mutagenicity.
2.4.3 – Bioassays for Environmental Samples
Numerous assays using prokaryotic and eukaryotic cells and organisms are used to
asses the toxicity of environmental materials. Traditional assays for acute toxicity
determination employed invertebrates such as Daphnia magna, Daphnia pulex,
Ceriodaphnia dubia and the fish Pimephales promelas [191]. More recently the
commercially available Microtox assay, which measures bioluminescence inhibition of
Vibrio fischeri, has become the predominant biotest for measuring toxicity of environmental
samples [19,20,23,27,194,201]. These types of determinations give little information about
the mechanisms involved in toxicity and fail to detect many ecotoxicologically relevant
specific and long-term effects such as genotoxicity. Furthermore, the effects of high
concentrations of non-anthropogenic toxicants (such as elemental sulfur toxicity to Vibrio
fischeri) may mask the effects of anthropogenic contaminants [191].
Published accounts of soil genotoxicity assessment have employed more than 30
separate assays to determine DNA damaging ability, mutagenicity, and clastogenicity [202].
Assays using prokaryotic organisms such as the Salmonella mutagenicity assay and the SOS
chromotest are the most commonly used, followed by plant assays (Figure 2.6). The
commercially available Mutatox assay, which uses a dark variant strain of the marine
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bioluminescent Photobacterium phosphoreum has also been used to assess the mutagenicity
of environmental samples [17,194].
The Ames/Salmonella mutagenicity assay is a short-term bacterial reverse mutation
assay specifically designed to detect a wide range of chemical substances that produce
genetic damage leading to gene mutations. The test uses a number of Salmonella
typhimurium strains with preexisting mutations that render the bacteria unable to synthesize a
required amino acid, histidine, and therefore unable to grow and form colonies in its absence.
When the strains are grown on minimal media containing a trace of histidine, only those
bacteria that revert to histidine independence are able to form colonies. Substances that alter
DNA increase the reversion rate and hence the number of colonies present on the plate. The
Salmonella strains used in the test have different mutations in various genes in the histidine
operon, each of which is designed to respond to mutagens that act via different mechanisms
[203]. Additional mutations have been engineered into the strains to make them more
sensitive to a variety of substances. The rfa mutation leads to a defective lipopolysaccharide
layer, making the bacteria more permeable to bulky chemicals. Plasmid pKM101 increases
error-prone recombinational DNA repair, enhancing mutagenesis, and also confers ampicillin
resistance. The mutation in uvrB renders the strain deficient in DNA excision repair and
increases the sensitivity to mutagens [204,205]. Since the bacteria lack the necessary
enzymes to metabolize certain mutagens such as PAHs to their active forms, exogenous
mammalian oxidative enzymes are often added to the assay. The activating system usually
consists of a 9000xg supernatant fraction of a rat liver homogenate (S-9 fraction), which is
delivered to the test system with NADP and co-factors for NADPH-supported oxidation (S-9
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mix) [206]. To increase the levels of metabolizing enzymes, the rodents are often pretreated
with the mixed-function oxidase inducer Aroclor 1254 [207].
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Figure 2.6 – Breakdown of the assays employed in published assessments of soil
genotoxicity [202].
2.4.4 – Bioassays for Oxidative Mutagens
The Salmonella tester strains most often used for the detection of oxidative mutagens
are TA102 and TA104. These strains carry the TAA ochre mutation in hisG that can be
reverted by all six possible base pair changes, both transitions and transversions, and can be
reverted by agents that cause oxidative damage [207]. TA102 [his(G)8476
rfa/pAQ1/pKM101] carries the mutated histidine gene on plasmid pAQ1 and detects a
variety of oxidants and other mutagens which are not detected by the other standard tester
strains [190]. The TA104 strain [his(G)428 rfa uvrB/pKM101] is sensitive to oxidative
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mutagens but also susceptible to their toxicity, narrowing the concentration range available
for testing [190,208]. Both strains are reverted by a variety of compounds which are not
oxidative mutagens [209] and possess antioxidant defense systems which could interfere with
the detection of mutagenesis promoted by ROS [210].
The E. coli WP2 assay is widely used to screen chemicals for mutagenic activity in
conjunction with, or as a substitute for, the Ames Salmonella assay [205]. The E. coli WP2
system employs the trpE marker which detects trp- to trp+ reversion at a site blocking a step
in the tryptophan biosynthesis pathway. The trpE65 mutation is an ochre mutation analogous
to hisG428, and the E. coli WP2 strains can detect a spectrum of mutagens similar to the
Salmonella strain TA102 [207,210]. Two strains of E. coli WP2 are used in tandem to
determine the contribution of oxidative stress to mutagenicity, WP2 uvrA / pKM101 and
WP2 uvrA oxyR / pKM101, designated strains IC188 and IC203, respectively. The IC203
strain differs from its parent, IC188, by having compromised oxidative stress defenses due to
a mutation in the oxyR gene [211]. OxyR is a DNA-binding transcription factor that activates
the expression of several important anti-oxidant enzymes, including catalase, alkyl
hydroperoxide reductase, and glutathione reductase [211,212]. The OxyR function is
activated in bacteria by exposure to ROS and to reactive nitrogen species (RNS) as well as in
response to a decrease in the GSH:GSSG ratio in the cell [213]. A significant increase in the
reversion rate of IC203 over IC188 is observed when the two strains are treated with equal
concentrations of ROS-generating mutagens such as peroxides, quinones, and phenols
[210,211], hydrazine derivatives [211] and thiols [214]. Table 2.3 lists the mutagenicity of
selected peroxides, phenols, and quinones to IC188 and IC203. In many cases, oxidative
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mutagenicity was inhibited by the addition of S9 in the bioassay – probably due to the
presence of antioxidant enzymes in the microsomal preparation [211,214].
Table 2.3 – Mutagenicity of Selected Compounds to E. coli WP2 IC188 and IC203
Revertants/plateCompound Dose
(µg/plate) IC188 IC203 IC203 + S9
Solvent control -- 145 144 151
Hydrogen peroxide 50 248 787 183
t-Butyl hydroperoxide 50 496 1375 1880
1,4 Naphthoquinone 16 125 413 166
2-Methyl-1,4-naphthoquinone 20 140 693 130
2-Hydroxy-1,4-naphthoquinone 100 112 489 170
Catechol (1,2 benzenediol) 2000 124 414 150
4-Aminophenol 1000 250 1009 234
Data from Martinez et al. [210]
Much of the mutagenic activity of chemicals and radiation is mediated in bacteria by
an inducible error-prone DNA replication system, commonly referred to as the SOS response
[215-217]. The SOS response has been most widely studied in E. coli and is activated by
stalled DNA replication at un-repaired lesions such as abasic sites. The cell’s attempts to
replicate past the damage generate single-stranded DNA which binds to RecA proteins to
form a nucleoprotein filament. This filament stimulates the cleavage of the repressor protein
LexA from the SOS promoter, inducing the expression of umuDC and over 20 other unlinked
genes, many of which are involved in DNA damage tolerance and repair [217,218]. The
SOS mutagenesis system allows error-prone DNA replication to continue through the
damaged site, increasing the survival and mutation rates of the cells [215,216,218].
Mutagenesis in strain IC203 is SOS-dependent, as demonstrated by the decreased sensitivity
to oxidants in a mutant devoid of SOS response proteins ((umuDC)) [219] and enhancement
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of ROS mutability by the presence of MucA/B proteins, the pKM101 plasmid-encoded
analogues of UmuD/C [220]. The sensitivity of E. coli IC188 and IC203 to genotoxic agents
is enhanced by the presence of pKM101 as well as the uvrA mutation which enhances error-
prone base excision repair. When used together, the strains may provide a convenient and
sensitive assay for studies on the genotoxicity of oxidative stress.
3. ALDEHYDIC DNA LESIONS IN CALF THYMUS DNA AND HELA S3 CELLS PRODUCED BY
BACTERIAL QUINONE METABOLITES OF FLUORANTHENE AND PYRENE †
3.1 Introduction
There is increasing concern that compounds formed during the chemical or biological
transformation of pollutants in the environment may be more detrimental to human and
environmental health than the original pollutant. Polycyclic aromatic hydrocarbons (PAHs)
must undergo enzymatic transformation before they can adversely interact with DNA in vivo
and cause mutations leading to cancer. One of the principal pathways of PAH metabolism in
mammalian cells is their transformation by mixed-function oxidases and dehydrogenases into
redox-active PAH quinones [13].
PAH quinones also occur in the environment as a result of bacterial and fungal
metabolism of PAHs in soil or sediment [108,131,133], as combustion products in airborne
particulate matter [221,222], or as a result of atmospheric chemical transformation of parent
PAHs [223,224]. The metabolites pyrene-4,5-quinone (P45Q) [11] and fluoranthene-2,3-
quinone (F23Q) [10] (Figure 3.1) have recently been isolated from laboratory cultures of
PAH-degrading soil bacteria as terminal products from the transformation pyrene and
fluoranthene, respectively. Although not considered to be probable human carcinogens [225],
the four-ring PAHs fluoranthene and pyrene are among the most predominant PAHs in
contaminated soils and in the atmosphere [38,225,226].
_________________________
† Originally published in Carcinogenesis vol.25 no.9 pp.1727-1733, 2004
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Figure 3.1 – Structures of F23Q (left) and P45Q (right).
Given the known genotoxicity of several PAH-quinones [13], quinones formed
during photolysis, bioremediation or natural attenuation of PAHs could pose an additional
risk to human health. Increases in toxicity and mutagenicity have been observed in PAH-
contaminated soil extracts [24] and leachates from PAH-contaminated soil columns [19] after
they had undergone bioremediation. Fernández and co-workers [18] identified several PAH
quinones, including those derived from fluoranthene and pyrene, in fractionated organic
extracts of coastal sediments. The oxy-PAH fraction that contained high concentrations of
PAH quinones was found to be strongly mutagenic in Salmonella assays. Fluoranthene-2,3-
quinone resulting from the incubation of fluoranthene with rat hepatic microsomal enzymes
was found to be strongly mutagenic to S. typhimurium [227]. Information about P45Q is
sparse in the literature, and its mutagenicity and toxicity do not appear to have been
investigated.
Several researchers have identified PAH o-quinones as alkylating agents that form
stable and depurinating DNA adducts via Michael addition of nucleophilic sites such as Gua
N2 and N7 to the quinone ring [163,164]. PAH quinones can also enter into redox cycles in
the presence of intracellular reducing equivalents, producing reactive oxygen species (ROS)
that can damage DNA by causing strand scission and base modification, especially in the
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presence of copper [13,14]. PAH quinones have also been shown to be directly mutagenic
and cytotoxic in assays using various Salmonella typhimurium tester strains and rat hepatoma
cells [188].
The purpose of this work was to characterize the activity of P45Q and F23Q towards
DNA using the aldehyde-reactive probe (ARP)–slot blot technique (ASB) [228] developed
for the determination of aldehydic DNA lesions (ADL). The ASB assay has been used
previously to quantify endogenous ADL in genomic DNA from mammalian tissues [229],
ADL caused by quinonoid metabolites of pentachlorophenol [230,231] and catechol
metabolites of estrogen [232]. ADL include oxidative lesions resulting from hydrogen
abstraction from deoxyribose and apurinic/apyrimidinic (AP) sites formed from the
spontaneous release of depurinating adducts or enzymatic excision of oxidatively modified
bases [228].
3.2 Materials and Methods
3.2.1 Chemicals
Calf thymus DNA (CT-DNA) was purchased from Sigma (St. Louis, MO) and treated
with 100 mM methoxyamine (MX) or 360 mM sodium borohydride before being re-
suspended in reagent water to reduce the background number of aldehydic lesions. Pyrene-
4,5-quinone and fluoranthene-2,3-quinone were synthesized according to published methods
[233] [234] and their purity was verified by nuclear magnetic resonance spectroscopy. The
ARP was purchased from Dojindo Molecular Technologies (Gaithersburg, MD). Catalase
(CAT), superoxide dismutase (SOD), bathocuproine disulfonatic acid (BCS), glutathione
(GSH) neocuproine, 2,2,6,6-tetramethylpiperidinoxyl (TEMPO), NADPH, dimethyl
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sulfoxide (DMSO), and cupric chloride were purchased from Sigma and were of the highest
purity available. D-Mannitol was purchased from ICN Biomedicals (Aurora, OH). E. coli
endonuclease III and hOGG1 were kindly provided by Y.W. Kow (Emory University) and T.
Arai and S. Nishimura (Banyu Tsukuba Research Institute), respectively.
3.2.2 Aldehydic Lesions Induced by P45Q and F23Q
Pretreated CT-DNA (~1 µg/µL) was suspended in phosphate-buffered saline (PBS)
and exposed to 10 to 100 µM P45Q or 1 to 100 µM F23Q dissolved in DMSO with or
without the addition of 100 µM NADPH and 20 µM Cu(II) or Fe(III) [231]. As a solvent,
DMSO in the samples was present at a concentration of 1%. When used, BCS and free
radical scavengers were dissolved in reagent water and added to the samples prior to the
addition of the quinones. Triplicate samples were prepared for each experiment and
incubated with shaking for two hours at 37ºC after which DNA was precipitated and washed
with ethanol before being suspended in reagent water. The ASB assay was performed
according to the protocol of Nakamura et al. [228]. Briefly, 8 µg of treated DNA was
incubated with 1mM ARP in PBS for 10 minutes at 37 ºC, precipitated and washed with
ethanol, and re-suspended in Tris-EDTA buffer (pH 7.4). After dilution to 1.25 µg/mL, the
DNA was denatured for 10 minutes at 99ºC and immobilized on a nitrocellulose membrane
in a slot-blot apparatus. The membrane was dried, blocked with a bovine casein/albumin
hybrid mix, and treated with streptavidin-conjugated horseradish peroxidase (BioGenex, San
Ramon, CA). The enzymatic activity was enhanced with ECL Western blotting detection
reagents (Amersham Biosciences, UK) and an exposure was taken on x-ray film. The films
were read with a Kodak Imagestation 440 and analyzed with Kodak ID Image Analysis
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Software. The number of aldehydic lesions per million nucleotides was determined based on
a standard curve.
3.2.3 Depurination of heat-labile base adducts
CT-DNA exposed to 100 µM P45Q or F23Q in the presence or absence of NADPH
was treated with 100 mM MX at 37ºC for two hours to eliminate the existing ADL. The
DNA was then precipitated and washed with ethanol to remove residual MX, re-suspended in
PBS and incubated at 70ºC for two hours. The resulting increase in aldehydic sites was
attributed to the depurination/depyrimidation of unstable quinone-base adducts, as
determined by the ASB assay.
3.2.4 Assessment of ADL in HeLa Cells
HeLa S3 cells obtained from the Lineberger Comprehensive Cancer Center
(University of North Carolina at Chapel Hill School of Medicine) were maintained at 37ºC
and 5% CO2 in Dulbecco’s Modified Eagle Medium/nutrient mixture F12 with 5% fetal
bovine serum and 100 µg/mL each penicillin and streptomycin (Invitrogen Life
Technologies, Carlsbad, CA). The cells were plated at ~0.5 x 105 cells per mL of fresh F12
medium and cultured for 24 hours before being incubated with varying concentrations of
P45Q and F23Q in DMSO at 37ºC for 4 hours. The concentration of DMSO in cell cultures
was less than 1% (v/v) and three plates were used for each set of exposure conditions. The
cells were then washed three times with cold PBS, harvested by scraping and frozen at -80ºC
[235]. Metal chelators, when used, were dissolved in reagent water and added to the plates
1.5 hours prior to the addition of the quinones. DNA was extracted using a PureGene DNA
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extraction kit (Gentra Systems, Inc., Minneapolis, MN), re-suspended in reagent water
containing 1 mM TEMPO to protect from further oxidative damage, and stored at -80ºC.
ARP assays were performed as described previously for CT-DNA. Heat-labile bases were
also determined using the same methods as for CT-DNA.
3.2.5 Endonuclease III and hOGG1 assays
To determine the extent of base oxidation produced by P45Q and F23Q, extracted
DNA from quinone-exposed HeLa cells was allowed to react with 340 mM NaBH4 for 15
minutes on ice to eliminate aldehydic lesions before being incubated with EndoIII or hOgg1
to enzymatically excise oxidized bases. Eight µg of DNA and 0.1 µg EndoIII were incubated
at 37ºC for 30 minutes in 10 mM Tris-HCl buffer containing 1mM EDTA and 100 mM NaCl
prior to reaction with ARP [229]. Similarly, 8 µg of DNA, 140 ng hOgg1 and 3 µg of bovine
serum albumin were incubated in Tris-HCl/EDTA/NaCl [236,237]. The resulting AP sites
from both treatments were quantified using the ASB assay.
3.2.6 Cytotoxicity
The toxicity of P45Q and F23Q to HeLa cells was evaluated using Trypan Blue
exclusion after incubation with the compounds for 4 hours. All incubations were performed
in triplicate. Cells were counted directly after exposure or were first washed, supplemented
with fresh F12 medium and counted 24 hours later to evaluate recovery. After removal of
the incubation medium, cells were washed with cold PBS three times and detached from the
culture dish using trypsin (Invitrogen Life Technologies, Carlsbad, CA). Ten µL of cell
suspension was diluted 1:1 with Trypan Blue and counted on a hematocytometer slide.
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3.2.7 Glutathione Depleted HeLa Cells
HeLa cells were treated with 1mM buthionine sulfoximine (BSO) for 24 hours to
inhibit glutathione synthesis. The resulting levels of glutathione in treated and non-treated
cells were determined using a Total Glutathione Quantification Kit (Dojindo Molecular
Technologies Inc., Gaithersburg, MD). Glutathione concentrations were 106 ± 12 µM for the
control cells and 7 ± 0.6 µM for the BSO-treated cells. Glutathione-depleted and control
cells were exposed to quinones as described and the resulting ADL and cytotoxicity was
evaluated as described above.
3.2.8 Statistical Analysis
All data presented are the results of at least three separate experiments. The
significance of the effects was tested using ANOVA, followed by either Dunnett’s or
Tukey’s Multiple Comparison test.
3.3 Results
3.3.1 ADL in CT-DNA Treated with Quinones
Both P45Q and F23Q produced ADL in CT-DNA in the presence of 20 µM Cu(II)
and 100 µM NADPH. Approximately 10 times more damage was caused by F23Q than by
P45Q at equimolar concentrations (Figure 3.2), indicating that it had greater redox cycling
capability. At concentrations above 50 µM the number of ADL remained constant, and the
reaction appeared to be limited by the concentration of metal, dissolved oxygen, and/or
reducing equivalent. Neither compound was able to produce an increase in ADL without
NADPH (see Appendix A). P45Q did not produce ADL in the absence of copper or in the
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Figure 3.2 – Dose-response curves for ADL in CT-DNA caused by F23Q and P45Q
in the presence of 20 µM Cu(II) and 100 µM NADPH. Error bars represent the
standard deviation of the results from three individual samples.
presence of Fe(III), while F23Q produced only a small amount of ADL in the presence of
NADPH alone and with NADPH and Fe(III) (Figure 3.3). Thermal hydrolysis at 70º C and
subsequent analysis of resulting ADL did not demonstrate the formation of depurinating
adducts from any of the treatments (see Appendix A).
3.3.2 Inhibition of ADL Formation by BCS and Free Radical Scavengers
There is ample evidence that PAH quinones can enter into redox cycles with Cu(II) to
produce superoxide ion, hydrogen peroxide, Cu(I) and ultimately hydroxyl radicals that lead
to oxidative DNA damage [14,15]. ADL formation from P45Q and F23Q was substantially
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Figure 3.3 - Aldehydic DNA lesions produced by 100 µM P45Q or F23Q in the
absence of Cu(II) and in the presence of 100 µM NADPH or 100 µM NADPH with
20 µM Fe(III). Error bars represent the standard deviation of three separate
experiments, # indicates P < 0.001 difference from control.
reduced by catalase and BCS (Figure 3.4), indicating that both hydrogen peroxide and Cu(I)
were involved in the production of ADL. Catalase that had been de-activated by boiling did
not decrease ADL from either compound, indicating that the reduction by active catalase was
a result of hydrogen peroxide dismutation (see Appendix A). The hydroxyl radical
scavengers mannitol and DMSO were not effective reducing ADL from P45Q or F23Q.
Glutathione reduced ADL in a concentration-dependent manner, and had a greater effect on
samples treated with F23Q. SOD did not significantly reduce ADL from either quinone.
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Figure 3.4 – Effects of catalase, free radical scavengers and bathocuproine, a Cu(I)-
specific chelator on ADL formation by P45Q and F23Q. Values represent the
percentage of ADL induced by P45Q (50 µM) and F23Q (5 µM) in the presence of
scavenging agents relative to samples with no scavengers. Average values and
standard deviations were determined based on three separate observations, * indicates
P < 0.001; + indicates P < 0.005; # indicates P < 0.05 difference from 100 %.
3.3.3 ADL and Base Oxidation in HeLa Cells
In contrast to its effect on DNA in vitro, F23Q did not induce oxidative DNA damage
in intact cells at doses ranging from 0.1 to 100 µM during four hours of exposure (See
Appendix I). P45Q, which was not as efficient as F23Q at causing ADL in CT-DNA,
produced significant DNA damage in cells at a concentration of 10 µM (Figure 3.5).
Thermal hydrolysis yielded no evidence of heat-labile DNA adducts, similar to the results
obtained when using CT-DNA (see Appendix A). Treatment of cells with the membrane-
47
0.0
5.0
10.0
15.0
20.0
25.0
DMSO P45Q
AD
L/
10
6
n
u
cl
e
o
tid
e
s
no chelator
neocuproine
#
†
AD
L/
10
6
n
u
cl
e
o
tid
e
s
Figure 3.5 - Effect of 100 µM neocuproine on direct ADL in HeLa cells produced by
a four hour exposure to a solvent control or 10 µM PQ. Error bars represent the
standard deviations of three separate observations, # indicates P < 0.005 difference
from DMSO control, † indicates P < 0.005 difference from P45Q without
neocuproine.
permeable copper(I)-specific chelator neocuproine 90 minutes prior to quinone exposure
reduced the number of ADL caused by P45Q by approximately 40% (Figure 3.5).
Pyrimidine oxidation measured as AP sites (ADL) formed after treatment of exposed cell
DNA with EndoIII was elevated in cells treated with 10 µM P45Q while cells treated with 1
µM F23Q had oxidized base levels similar to that of the DMSO treated controls (Figure 3.6).
Apurinic sites from the removal of oxidized purine bases by hOGG1 were below the
detection limit in control and F23Q-exposed cells, while cells treated with P45Q had
increased levels of ADL from hOGG1 treatment. Glutathione depletion did not increase
ADL levels in P45Q-treated cells, and did not cause any measurable DNA damage in F23Q
treated cells (see Appendix A).
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Figure 3.6 - Direct ADL in HeLa cells and ADL resulting from enzymatic excision
of oxidized bases with EndoIII and hOGG1 after four hours of exposure to quinones
in DMSO. ADL from hOGG1 excisable sites were below the detection limit for both
the solvent control and F23Q. Error bars represent the standard deviation of
measurements from three individual plates, # indicates P < 0.0001 difference from
control, † indicates P < 0.001 difference from control.
3.3.4 Cytotoxicity of Quinones to HeLa Cells
At concentrations of 10-100 µM, F23Q considerably reduced the viability of HeLa
cells after a four-hour incubation period as measured by Trypan Blue exclusion, while P45Q
appeared to have no effect on short-term viability (Figure 3.7). The cytotoxicity of F23Q
was not reduced by the addition of 100 µM neocuproine, the Fe(II)-specific chelator
dipyridyl, or BCS (see Appendix A). When cells were incubated in fresh medium for 24
hours after exposure to the quinones, the amount of viable cells in F23Q-treated cultures
remained unchanged, and neocuproine had no significant effects on cell recovery. In contrast,
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P45Q-treated cells were completely killed after being incubated in fresh medium for 24 hours
(Figure 3.7). Cells treated with P45Q were suspended in the culture medium and were
therefore not treated with trypsin. Staining of a 10 mL aliquot of cells floating in culture
medium with Trypan Blue indicated a 100% reduction in viability even at P45Q
concentrations as low as 5 µM. Pre-incubation with neocuproine (100 and 200 µM) had no
effect on the long term viability of P45Q treated cells (see Appendix A). Glutathione
depletion did not increase the toxicity of F23Q or P45Q, and also did not cause a decrease in
viability in control (DMSO) treated cells (see Appendix A).
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Figure 3.7 – Dose-response curves for cytotoxicity of F23Q and P45Q to HeLa cells
after four hours of incubation with the quinones and a 24 hour recovery period in
clean growth medium. Cytotoxicity was measured by Trypan Blue exclusion and
error bars represent the standard deviation of three separate culture dishes.
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3.4 Discussion
Many redox-active compounds have been shown to damage DNA through the
production of ROS in the presence of metals [167-170]. In the case of quinones, redox
cycling via reduction by NADPH to either the semiquinone or hydroquinone initiates a redox
cascade, which produces superoxide anion and hydrogen peroxide (H2O2). In the presence of
copper, H2O2 can decompose to yield hydroxyl radical, a potent oxidant of DNA
[14,162,171-173,175]. Aldehydic lesions were produced in CT-DNA as a result of
incubation with NADPH, CuCl2, and both PAH-quinones. F23Q was a more powerful
producer of ADL in CT-DNA by approximately an order of magnitude, indicating that it is a
much more efficient redox cycler than P45Q.
Adducts of PAH o-quinones with DNA [163,164] and other cellular constituents,
most notably cysteine residues on proteins [165] and glutathione [166], have been identified
primarily as 1,4-Michael addition products. Neither quinone used in this study can react to
give 1,4-Michael addition products, which may account for the absence of depurinating
adducts. It is also possible that F23Q and P45Q formed stable conjugates with DNA, or that
the conditions used for hydrolysis of covalent adduct-DNA bonds did not cause additional
AP sites.
Glutathione reduced ADL caused by F23Q to a greater extent than those caused by
P45Q. Since dose-response experiments suggest that F23Q produced larger amounts of
reactive oxygen species than P45Q, it is possible that another mechanism of detoxification by
GSH in addition to ROS scavenging and copper complexation is important for these
quinones. Conjugation of PAH quinones with GSH via Michael addition has been observed
[238], but it has also been noted that this reaction does not abolish redox cycling, and may in
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fact enhance the toxic activity of redox-active quinones [13,239]. Furthermore, as noted
above, Michael addition can most likely be ruled out, based on the structures of these
quinones. Another potential detoxification mechanism for GSH may be through nucleophilic
addition of sulfur to a ketone carbonyl. Such additions have been observed with
naphthoquinones in experimental systems [240,241] and would disrupt redox cycling. No
attempts were made in this study to identify GSH-quinone adducts or to quantify the rates of
complex formation.
In additional scavenger experiments, the largest reductions in ADL were achieved
with catalase and BCS, confirming the involvement of the Cu(I)/Cu(II) redox cycle and
possibly a Fenton-type reaction between Cu(I) and H2O2 to produce the highly-reactive
hydroxyl radical (OH·). Mannitol and DMSO, however, were not effective at alleviating
DNA damage in these systems, indicating that free hydroxyl radical was not the ultimate
oxidizing agent. Although DNA damage stemming from the interaction of redox-active
organic compounds or hydrogen peroxide with metals has been extensively reviewed in the
literature [167,180,242], the exact nature of ultimate DNA-damaging species is still a matter
of debate. Flowers et al. [14] studied DNA damage from the o-quinones of naphthalene and
benzo[a]pyrene in the presence of NADPH and Cu(II) and concluded that OH· was
responsible for the majority of DNA damage based on a significant reduction in strand
scission and malondialdehyde release when mannitol and other OH· scavengers were added
to the samples. However, since iron is also effective at producing OH· from H2O2 [242,243]
[180], it would be expected that ADL would be produced to a similar extent in experiments
where Fe(III) was substituted for Cu(II), which was not observed in the present study or by
Flowers et al. [14].
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It has also been proposed that singlet oxygen resulting from the metal-catalyzed
Haber-Weiss reaction between H2O2 and superoxide [170,171,244] as well as the conjugate
acid of superoxide (the hydroperoxyl or perhydroxyl radical) [245] are the principal DNA
damaging species in these types of systems. However, since SOD had no effect on ADL
resulting from incubation of DNA with either P45Q or F23Q, it is unlikely that 1O2 or
HOO· were important ROS in these experiments.
Copper-hydroperoxo complexes such as Cu(I)-OOH resulting from the incubation of
DNA with NADH, H2O2, and copper [246] or catechol and copper [247] have also been
proposed as likely candidates for causing oxidative DNA damage. Copper forms stable
complexes with DNA, which can react with H2O2 to form a DNA-Cu(I)-OOH complexes that
are believed to release OH· radicals in very close proximity to DNA. Due to the high
reactivity of OH·, the probability of reaction with proximate DNA bases or sugars is high
[246,247], and may explain why hydroxyl radical scavengers in the bulk solution did not
have an effect on the extent of oxidative damage. Iron, however, has also been shown to
cause oxidative damage to DNA from reaction with hydrogen peroxide [235,248], indicating
that the ADL observed in these experiments may be a result of more complex interactions.
Since the metal-catalyzed reduction of oxygen to hydrogen peroxide proceeds via successive
one-electron transfers to form superoxide as an intermediate, it would be reasonable to expect
superoxide dismutase to have an effect on the rate of redox cycling and resulting DNA
damage. Since no inhibition was observed, it is possible that H2O2 formation is the result a
concerted transfer of two electrons to oxygen within an inner-sphere complex between the
(hydro/semi)quinone, copper, and molecular oxygen [249]. When complexed in this way,
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superoxide may be too transient, or too tightly sequestered to be accessible to scavengers.
More work is needed to fully investigate this phenomenon.
In contrast to the results obtained using extracted calf thymus DNA, F23Q was not
able to induce ADL in HeLa S3 cells at any of the concentrations tested (0.3 to 100 µM).
P45Q, which was approximately ten times weaker as an ADL inducer in vitro, caused
extensive damage to cellular DNA. The membrane-permeable Cu(I)/Cu(II) chelator
neocuproine reduced ADL from P45Q, indicating that copper is still important in the
intracellular reaction and that ADL could be due to quinone-copper redox cycling. Li and
coworkers [171] demonstrated an increase in 7,8-dihydro-8-oxo-guanine (8-OHdG) levels in
DNA from cultured rat hepatocytes exposed to the quinone metabolite of butylated
hydroxyanisole, and found that oxidized base levels were reduced by membrane-permeable
copper chelators. In the present study, HeLa cells treated with P45Q had elevated levels of
oxidized purine lesions as measured by hOGG1. Oxidized pyrimidine lesions, as detected by
treatment with the DNA glycosylase E. coli EndoIII were also observed in cells treated with
P45Q and were present in similar amounts as direct ADL. EndoIII has broad substrate
specificity and excises ring-saturated, ring-opened, and ring-fragmented pyrimidines
[250,251], including thymine glycols and 4,6-diamino-5-formamido-pyrimidine (fapyAde)
[252]. The hOGG1 protein catalyzes the excision of damaged purine bases, including the
most common oxidized base, 8-OHdG resulting from OH· attack on the C8 position of
guanine [253,254]. Both proteins excise DNA bases through hydrolysis of the N-glycosylic
bond between the target base and deoxyribose, leaving behind an AP site [250,251]. HeLa
cells exposed to P45Q had elevated levels of AP sites after treatment with both enzymes,
indicating that P45Q was able to redox-cycle intracellularly and promote base oxidation. AP
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sites are non-coding lesions in DNA and can lead to mutation and apoptosis if their incidence
exceeds the capacity of DNA repair proteins [255].
Although no DNA damage was detected in HeLa cells treated with F23Q, the
compound did reduce the viability of HeLa cells in a concentration-dependent manner, and
this effect was unchanged after 24 hours. In contrast, cells treated with P45Q were
completely viable after 4 hours of exposure, but were completely killed after 24 hours even at
low concentrations of P45Q (Figure 3.7). Neocuproine offered no protection from the long-
term toxicity of P45Q despite its ability to reduce ADL formation. However, since
neocuproine was only able to reduce, and not completely abolish ADL from P45Q, cell death
may be attributed to accumulation of residual DNA damage and apoptosis. Neocuproine
and the iron-specific chelator DPD also had no effect on the decrease in cell viability caused
by F23Q, indicating that it was potentially not a result of iron- or copper-dependent redox-
cycling.
Several studies focusing on the effects of arylating and redox-cycling o-quinones on
platelets [256] and colon carcinoma cells [257] concluded that arylation of sulfhydryl groups
and the resulting alteration in intracellular protein thiol and Ca2+ homeostasis is the principal
mechanism of quinone toxicity. The fact that no oxidative lesions were observed in cells
treated with F23Q suggests that the quinone was either detoxified before it was able to
adversely interact with DNA or was localized away from the nucleus. It is therefore possible
that F23Q became covalently bound to other cellular constituents before it was able to react
with DNA. McAmis et al. [186] found that menadione (2-methyl-1,4-napthoquinone) was
toxic to endothelial cells, producing endothelial membrane failure by modifying intracellular
protein and non-protein thiols and not by oxidant production. Depletion of intracellular GSH,
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however did not enhance the toxicity of F23Q in the present study. Zhu et al [185] showed
that a decrease in cellular ATP and changes in mitochondrial structure preceded a decrease in
the survival of stromal cells treated with benzo[a]pyrene quinone. These researchers also
found that glutathione depletion did not potentiate quinone toxicity and speculated that the
disruption of the mitochondrial respiratory chain did not depend on reduced oxygen species.
Quinones can depolarize mitochondrial membrane potential by arylation or redox cycling,
resulting in ATP depletion and cellular toxicity [174,184]. Cytoskeletal, cellular and sub-
cellular membrane proteins can also be altered by quinones which can lead to permeability
changes and toxicity [174,186]. Polycyclic aromatic hydrocarbon quinones found in diesel
exhaust have also been shown to preferentially react with dithiol compounds, resulting in
modifications of their thiol groups, and ultimate cytotoxicity, while at the same time
displaying minimal reactivity with monothiol compounds, such as GSH [258]. A compound
introduced into culture liquid must first cross the cellular membrane and diffuse through the
cytoplasmic space before it can interact with nuclear DNA. It is therefore reasonable to
assume that F23Q was localized and stabilized, either through covalent interaction or
intercalation with cellular membrane constituents, mitochondria, or cytoskeletal proteins,
which precluded its interaction with cellular DNA.
It has been established that K-region dihydrodiols such as pyrene-4,5-dihydrodiol are
not substrates for the dihydrodiol dehydrogenase enzymes that ultimately convert them to
quinones during mammalian metabolism of PAHs [104] [106]. Therefore it not likely that
K-region PAH quinones are formed in vivo. This may be a reason for the apparent lack of
carcinogenicity from the parent compound, pyrene, and indicates that P45Q from
environmental sources could pose an additional risk to human health. The importance of
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potentially toxic and persistent daughter products of environmental pollutants is only
beginning to be explored. There is increasing concern over the fact that risk assessment
studies fail to account for these environmentally relevant transformation products, mainly
because there is insufficient data available as to their characteristics, formation kinetics and
toxicity [31] [32]. This work contributes to the latter need by evaluating the possible
cytotoxicity and mutagenicity of products that are formed as a result of chemical or
biological reactions in the environment, and may have the potential to pose a greater risk to
human health than the parent compounds.
4. DIRECT ACTING OXIDATIVE MUTAGENS IN PAH-CONTAMINATED SOILS
4.1 Introduction
Soils contaminated with petroleum products, coal tar and other complex organic mixtures
contain a multitude of compounds having a diverse range of chemical and toxicological
properties, and they are correspondingly difficult to characterize in terms of risk to human
and environmental health. Polluting compounds such as PAHs tend to persist in
contaminated environments for long periods of time and are subject to physical, chemical and
biological changes, the impacts of which are not fully understood. A wide variety of
bacteria, fungi, and algae can metabolize PAHs, and metabolism by microorganisms is
considered the most important transformation process of PAHs in soils [1-3]. The oxidized
products produced by microbial metabolism are more polar than their parent compounds,
which may increase their dissolution and potential mobility in the environment [32,72]. The
genotoxicity of PAH quinones produced by mammalian enzymes or incomplete microbial
metabolism is well documented and seems to result largely from the production of reactive
oxygen species (ROS), leading to oxidative stress [12-14,162].
To evaluate the existence and effects of unknown chemicals and PAH transformation
products, bioassay-directed fractionation was employed to investigate whether mutagenic and
cytotoxic products are present in aged, field-contaminated soil. Since many PAH metabolites
exert their toxicity by generating reactive oxygen species [12-14], an assay designed
specifically to detect oxidative mutagens [211] was included in the analysis. The assay
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includes the tryptophan auxotrophic E. coli WP2 uvrA/ pKM101 (IC188) and its derivative,
E. coli WP2 uvrA oxyR/ pKM101 (IC203). The oxyR function regulates the expression of
important antioxidant enzymes in response to oxidative stress, rendering the oxyR- strain
much more sensitive to oxidative mutagens [212]. An increase in the reversion rate of the
IC203 strain over the IC188 strain is taken as an indicator of oxidative mutagenicity [211].
Since the primary interest was in transformation products of PAHs and also because S9
microsomal activating systems have been shown to reduce the reversion rate caused by
oxidative mutagens in this bioassay [211,214], no activating system was used. A lack of
metabolic activation also avoided mutagenicity caused by parent PAHs present in the
samples.
An extraction and fractionation method designed to separate PAHs from the more polar
oxidized metabolites [136,142,143,259] was used to isolate potential mutagens, reduce the
complexity of the soil matrix, and facilitate chemical analysis. Fractionation by polarity
class into saturates, aromatics, resins, and asphaltenes (SARA) is widely used in the
characterization of petroleum related products [42-44] and can provide valuable information
about the characteristics of weathered oily wastes [38,46,47]. Four soils with differing
organic contents, PAH concentrations, degrees of weathering and process histories were
characterized using this approach. Data from these experiments indicate that direct-acting
oxidative mutagens are present in polar organic fractions of PAH-contaminated soils.
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4.2 Materials and Methods
4.2.1 Chemicals
Pyrene-4,5-quinone and fluoranthene-2,3-quinone were synthesized according to
published methods [233,234], and their identity was verified by NMR. Catalase (CAT) from
bovine erythrocytes, superoxide dismutase (SOD), glutathione (GSH), menadione (MQ), 4-
nitroquinoline-1-oxide (NQO), tert-butyl hydroperoxide (tBHP), 9,10-anthracenequinone,
7,12-benz[a]anthracenequinone, 9-H-fluoren-9-one, 7H-benz[d,e]anthracen-7-one,
octadecanoic acid and derivatization grade N,O-bis(trimethylsilyl)triflouroacetamide
(BSTFA) were purchased from Sigma-Aldrich (Saint Louis, MO) and were the highest purity
available. Ampicillin, L-(-)-tryptophan and Oxoid nutrient broth No. 2 were purchased from
Fisher Scientific (Waltham, MA). Concentrated nitric acid and 30% hydrogen peroxide were
Ultrex grade and were purchased from Mallinckrodt Baker Inc. (Phillipsburg, NJ). All other
reagents and solvents were the highest available purity and purchased from either Fisher
Scientific or Sigma-Aldrich.
4.2.2 Soils
Approximately 35 kg of soil from a former MGP site (MGP1) was collected in five
gallon buckets in the spring of 1999. The sample was screened, blended and sieved according
to established protocols [77]. An additional MGP soil (MGP2) was obtained in summer of
2006 and processed the same way. Soils from two separate wood-preserving sites, WP1
(collected in summer of 1999) and WP2 (collected in summer 2002) were obtained from the
laboratory of Dr. Fred Pfaender (UNC-Chapel Hill) and also employed in the study. All soil
samples were stored in sealed containers at 4°C. Prior to extraction, aliquots of soil were
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mixed with sodium sulfate, allowed to stand until dry and ground in a mortar and pestle.
Moisture content of each soil was determined in triplicate by standard methods (ASTM
D2216-98).
4.2.3 Bacterial Strains
Escherichia coli WP2 strains uvrA/pKM101 (IC188) and uvrA oxyR/pKM101 (IC203)
were kindly provided by Dr. Manuel Blanco of the Prince Philippe Research Institute
(Valencia, Spain). Cells were grown overnight in Oxoid nutrient broth no. 2 containing 25
µg/mL ampicillin and re-isolated according to recommended protocols on L-agar
supplemented with ampicillin and 100 Units of catalase for strain IC203. Tryptophan
auxotrophy, uvrA mutation and presence of the R-factor were verified according to published
methods [206,207]. The phenotype determined by the oxyR mutation was verified by growth
inhibition and mutagenesis assays using recommended standard compounds [211]. Strains
were stored in 1.2 mL cryovials (Fisher Scientific, Waltham, MA) at -80°C using 10% v:v
DMSO as a cryopreservative. Strains were routinely tested for their response to standard
mutagens including 2-methyl-1,4-naphthoquinone (menadione), tert-butyl hydroperoxide,
and 4-nitroquinoline-1-oxide. Typical values of spontaneous and chemically induced
revertants for both strains can be found in Appendix B.
4.2.4 Soil Processing
Soil samples (10-25 g) were soxhlet extracted with 10:1 methylene chloride
(DCM)/acetone for 18-20 hours. The extracts were transferred to a Kuderna-Danish
apparatus and concentrated to approximately 10 mL. Hexane (20 mL) was added and the
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solvent was again reduced to approximately 10 mL, during which time the asphaltene
fraction (A) precipitated. Fraction A was separated by filtration through a glass fiber filter
(Whatman, GF/C) and recovered from the filters by washing with DCM. Fraction A and the
hexane-soluble fraction (H) were transferred to pre-tared borosilicate glass test tubes, blown
dry under a gentle stream of nitrogen and weighed.
Silica gel (200-500 mesh) was activated in a 135°C oven for at least 16 hours and de-
activated with 10% w:w reagent-grade water. A 10 mm ID glass liquid chromatography
column was filled with 20 g of the silica gel in DCM, capped with sodium sulfate and
washed with 40 mL of hexane. Fraction H was dissolved in a small amount of toluene and
20-100 mg was transferred to the top of the column. The sample was eluted successively with
40 mL each hexane and 3:2 hexane/DCM, 20 mL DCM and 40 mL 1:1 DCM/acetone. The
first 20 mL of hexane contained no significant mass and was therefore discarded; the next
eight 15 mL fractions were collected in pre-tared glass test tubes, blown dry under a gentle
stream of nitrogen, and weighed. Acetone mixed with 2-butanone (1:1) was chosen as the
final solvent for the fractions based on its ability to dissolve all eluted compounds, no
degradation of mutagenic activity upon storage (as occurred with DMSO) and low bacterial
toxicity. All samples were stored at 4°C.
A mixture of PAH quinones (4,5-pyrenequinone, 2,3-fluoranthenequinone, 1,2-
napthalenequinone, 9,10-anthracenequinone, 7,12-benz[a]anthracenequinone and menadione)
was spiked into the crude extract and separated on a silica gel column. The resulting
fractions were analyzed with HPLC-UV and it was found that the quinones were eluted in the
DCM and DCM/acetone fractions. A procedural blank containing only sodium sulfate was
also extracted, fractionated and bioassayed to eliminate the possibility of artifacts.
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4.2.5 Bioassay
Mutagenesis assays were performed by the standard plate incorporation method [205-
207,211]. Strains were grown overnight from frozen stocks in Oxoid broth containing 25
µg/mL ampicillin. One hundred µL of culture containing approximately 1 x 109 CFU/mL
was mixed with 2.5 mL of molten top agar (45-48 °C) containing 100 µL of test compound.
Antioxidants, when used, were dissolved in reagent water or sterile phosphate buffer and
added prior to the addition of cells. The mixture was vortexed gently, poured onto ET4 plates
(See Appendix C for media preparation) and allowed to incubate at 37° C for 48 hours.
Solvent (negative) controls and at least one positive control (20 µg/plate menadione for
IC203 and 35 µg t-butyl hydroperoxide for IC188) were included in every experiment. A 10-
6 dilution of the overnight culture was spread on LA plates to determine the number of viable
cells in the overnight culture. Colonies were counted manually using a Scientific Instruments
colony counter.
4.2.6 Toxicity Determination
Toxicity of crude extracts and fractions was determined by evaluating growth inhibition
on LA plates (Blanco et al., 1998). An aliquot of overnight culture (100 µL) was added to 3
mL of molten top agar and poured onto LA plates. Once the top agar was solid, a 7 mm disk
of filter paper was impregnated with 10-15 µL of the test compound in solvent and placed on
top of the agar. Plates were incubated overnight at 37 °C and the diameter of the zone of
clearing around each disk was measured. Results are reported as mm (Dtotal – Ddisk).
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4.2.7 Organic Analysis
Fifteen of the 16 EPA priority PAHs were analyzed on a Waters HPLC equipped with
a 4 mm ID, 25 cm length LC-PAH column (Supelco) using acetonitrile/water as the mobile
phase and fluorescence detection. Anthracene d10 was used as the internal standard and PAH
concentrations are reported as mg/kg of dry soil based on soil moisture content
determinations.
Samples showing strong activity in the bioassay (at least a doubling of the number of
revertant colonies compared to the solvent control) were derivatized with 1:1 BSTFA in ethyl
acetate for 45 min at 65°C. Because some PAH transformation products such as
hydroquinones are suspected of being rapidly oxidized to quinones in aerobic environments,
reductive trimethylsilylation [260] was also employed. Based on method development using
standard PAH quinones, a new derivatization procedure involving reduction with NaBH4 in
DMF [261] and silylation with BSTFA for 45 minutes at 65°C was also employed.
Naphthalene-1,2-quinone and pyrene-4,5-quinone were used as internal standards after
verification that they were not present in any of the samples. Derivatized fractions were
analyzed using a Hewlett-Packard GC-MS fitted with a DB-5 column. Peak identities were
determined by comparison with authentic standards or published mass spectra, or by
fragmentation patterns of TMS derivatives of aromatic compounds determined by others
[260,262,263]. Retention times and major ions for the trimethylsilyl (TMS) derivatives of
standard hydroxy-PAHs and PAH quinones are listed in Table 4.1.
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Table 4.1 – Retention Times and Major Ions of Derivatized Oxy-PAH Standards
COMPOUND RT (MIN) PRINCIPAL IONS M/Za
2-Hydroxynaphthalene 13.7 216, 201, 185, 172, 145, 127, 73
9-Hydroxyfluorene 16.9 254, 239, 165, 73
1-Hydroxypyrene 24.3 290, 275, 259, 244, 200, 189, 137, 73
1,2-Naphthoquinone 16.5 304, 289, 216, 201, 186, 147, 73
1,4-Naphthoquinone 17.2 304, 289, 273, 185, 140, 73
9,10-Anthracenequinone 22.4 354, 339, 265, 237, 147, 73
4,5-Pyrenequinone 25.0 378, 363, 290, 260, 215, 147, 73
2,3-Fluoranthenequinone 25.6 378, 290, 260, 215, 147, 73
7,12-Benz[a]anthracene
quinone
27.1 404, 389, 315, 287, 73
a. The base peak is indicated in bold-face.
4.2.8 Metals Analysis
For the determination of organic extractable metals, extracts and fractions in 1:1
MEK/acetone were blown dry under N2 and digested with Ultrex grade HNO3 and 30% H2O2
according to EPA method SW-846 3050B. An extraction blank and solvent blank were also
included. The digested samples were analyzed by ICP-MS by RTI International (Research
Triangle Park, NC).
4.3 Results
4.3.1 Fractionation of MGP1
Soil from a former manufactured gas plant site (MGP1) was used to develop a
fractionation scheme that would best suit the following criteria: (1) optimize the isolation of
the mutagenic compounds; (2) generate enough material for multiple bioassays; and (3)
provide a high degree of reproducibility between samples. Initially, eight fractions were
collected and each was bioassayed separately. Table 4.2 shows the fraction mass distribution
of the extraction and fractionation of three samples of MGP1 soil. Total extractable organics
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(TEO) are reported as mg/g dry weight of soil. The asphaltene portion is that which
precipitated from hexane and was not part of the fractionation procedure. Over half of the
mass of the de-asphalted extract (H) was composed of polar compounds (F4a, F4b, F5a, F5b).
Waxy aliphatics (F1) contributed approximately 21%, and the remaining 28% (F2a, F2b, F3)
was composed of aromatic compounds. GC-MS chromatograms of the fractions can be found
in appendix D. Asphaltenes and polars combined contributed more than 70% to the total
mass of the organic extract.
Table 4.2 – Reproducibility of Triplicate Extractions and Fractionations of MGP1
Parameter Average Standard
Deviation
TEO (mg/g) 7.8 0.5
Asphaltenes (%) 38.3 1.9
F1 (%) 20.9 3.8
F2a (%) 3.5 0.3
F2b (%) 14.3 1.8
F3 (%) 10.6 0.9
F4a (%) 9.5 2.5
F4b (%) 5.5 3.8
F5a (%) 31.7 1.4
F5b (%) 5.4 3.6
Recovery (%) 95.5 5.2
4.3.2 – Bioassay of MGP1
Fractions from three individual extractions and column separations of MGP1 were
bioassayed using E. coli WP2 strains IC188 and IC203. Figure 4.1 shows the number of
revertants induced by 500 µg/plate of each of the eight fractions and 2500 µg/plate of H, the
un-fractionated, de-asphalted extract. At least a two-fold increase in the amount of revertants
over the solvent control (111 ± 19 and 182 ± 27 for IC188 and IC203, respectively) was
considered a positive result [207]. Polar fraction F5a, contributing approximately 30% of the
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total mass of H, was strongly mutagenic to strain IC203 but not to IC188, indicating that it
contained compounds capable of causing oxidative stress. The remaining fractions and the
crude extract did not significantly increase the reversion rate for either strain. No visible
thinning of the background lawns was observed on any of the plates, indicating that toxicity
was most likely not the reason for the lack of mutagenicity of H. No fraction of the blank
(sodium sulfate) extract was mutagenic to either strain (data not shown). The dose-response
of F5a generated from three separate extractions and fractionations of MGP1 was evaluated
with strain IC203 (Figure 4.2). The number of IC203 revertants increased linearly from 25 to
500 µg/plate of F5a. Based on the slope of the dose response curve and its concentration in
the soil, MGP1 F5a had a specific activity of 1,700 revertants/mg and a weighted activity of
approximately 2,600 revertants/g dry soil.
Toxicity to strain IC203 was evaluated for all fractions, including the crude extract. F5a was
the only fraction to produce a measurable zone of clearing (6 ± 3 mm) on LA plates. F1
caused a small zone of clearing of the bacterial lawn which was only detectable after a short
(<8 hour) incubation period. The crude extract caused no clearing or thinning of the lawn,
confirming that the apparent lack of mutagenicity of the un-fractionated extract was not due
to a high concentration of non-specific toxicants. To assess whether the lack of mutagenicity
of the crude extract was due to antagonistic interactions between chemicals of different
polarity classes, fractions were re-combined according to their original proportions in the
crude extract and bioassayed. Like the un-fractionated extract, the re-combined fractions did
not significantly increase IC203 reversion (Figure 4.3). Compounds in the aliphatic (F1) and
aromatic (F2-F3) fractions appeared to decrease the mutagenicity of F5a, while compounds
in the polar (F4-F5b) fractions had no effect.
67
0
200
400
600
800
1000
1200
F1 F2a F2b F3 F4a F4b F5a F5b H
R
ev
er
ta
n
ts
/p
la
te
IC203
IC188
Figure 4.1 – Mutagenicity of MGP1 fractions to E. coli WP2 strains IC188 and IC203.
Doses were 500 µg/plate for each fraction and 2500 µg/plate for the crude extract (H).
Spontaneous revertants have been subtracted. Error bars represent the standard deviation of
three separate bioassay-directed fractionations. Each fraction was tested at least twice.
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Figure 4.2 – Dose-response of mutagenic fraction 5a from MGP1 with strain IC203.
Error bars represent the standard deviation of three separate soil samples.
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Figure 4.3 – Mutagenicity of combined fractions of MGP1 to IC188 and IC203.
Fractions were re-combined to reflect their concentrations in the crude extract, relative to F5a
(100 µg/plate). Error bars represent the standard deviation from three separate plates.
4.3.3 Effect of Antioxidants on MGP1 Mutagenicity
To investigate possible mechanisms for the mutagenicity of F5a, IC203 revertants
were assayed in the presence of several antioxidants. Figure 4.4 shows the effects of
increasing doses of catalase, superoxide dismutase, and glutathione on the number of IC203
revertants caused by the negative and positive controls (100 µl of 1:1 MEK/acetone and 20
µg of menadione, respectively) and 100 µg of F5a. None of the antioxidants affected the
number of spontaneous revertants at any of the doses tested. Catalase significantly decreased
the number of revertants induced by MQ and F5a even at low concentrations (50 U/plate).
Superoxide dismutase decreased the mutagenicity of MQ even at low doses, and appeared to
have a slight negative effect on the mutagenicity of F5a at the highest dose tested (500
U/plate). Glutathione did not seem to have an effect on the mutagenicity of MQ but seemed
to increase the mutagenicity of F5a at high doses (1000 µg/plate).
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Figure 4.4 – Effect of antioxidants on spontaneous and chemically-induced revertants of
E. coli IC203. Error bars represent the standard deviation of three separate determinations.
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4.3.4 Characterization and Mutagenicity of Four Soils
To validate the methods and results described in the previous sections, and to
examine the effect of different sources and degrees of PAH contamination to the genotoxicity
of PAH-contaminated soils, three additional soils were extracted, fractionated and bioassayed
according to the procedures described above. Table 4.3 compares the organic, asphaltene,
and PAH contents for the four soils. MGP1 contained the lowest amounts of extractable
organic matter and PAHs, while soil from a former wood-preserving site (WP2) had the
highest degree of PAH contamination but the lowest asphaltene content of all four soils.
WP2 was also the most enriched in 2-3 ring PAHs and MGP1 was the most depleted.
Concentrations of individual PAHs in each of the four soils can be found in Appendix C.
Table 4.3 – Properties and PAH content of four hydrocarbon-contaminated soils
MGP1 MGP2 WP1 WP2
TEO (mg/kg) 7.8 x 103 1.8 x 104 4.3 x 104 2.9 x 104
Asphaltenes (%) 38 33 46 13
Moisture (%) 21.7 ± 0.1 16.3 ± 1.6 8.3 ± 0.4 6.4 ± 0.2
PAHs (mg/kg)
2-3 ring 34 ± 1 1,320 ± 221 1,350 ± 242 6, 180 ± 76
4-5 ring 154 ± 1 2,570 ± 269 2,680 ± 397 6,950 ± 153
6 ring 36 ± 9 44 ± 8 365 ± 86 198 ± 4
Totala 224 ± 9 3,920 ± 76 4,390 ± 693 13,300 ± 214
a Sum of 15 of the 16 EPA priority pollutant PAHs.
The soils were extracted and fractionated as described for MGP1 in the previous section,
except that several of the fractions were combined to increase the amount of material
available for bioassays of each fraction. For each of the four soils, compounds that eluted in
fractions F2a and b, F4a and b, and F5a and b were combined into fraction F2, F4 and F5,
respectively. F1 and F3 were the same as described in the previous section. Figure 4.5
shows the percent contributions of each fraction to the total mass recovered from the column.
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MGP1 was the most enriched in polar fractions (F4 and F5) while WP2 had the lowest polar
content. Fractions F2 and F3, which contained mostly PAHs, contributed the least amount of
mass to the MGP1 extract. MGP1 also had the highest aliphatic content, which was eluted in
F1.
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Figure 4.5 – Percent contribution of each fraction to the total mass of de-asphalted
crude extracts from four different soils.
Fractions were bioassayed using both strains of E. coli WP2 as before. Doses were
500 and 2500 µg/plate for individual fractions and crude extracts, respectively. Figure 4.6
shows the mutagenicity of each fraction and crude extract of the four soils to the two strains
of E. coli. Each polar fraction F5 was mutagenic to strain IC203. Additionally, F4 from
soils MGP2 and WP2, F3 from MGP2 and WP1, and F2 from WP1 significantly increased
(at least doubled) the amount of IC203 revertants compared to the solvent control (111 ± 19
and 182 ± 27 for IC188 and IC203, respectively). WP1 fraction F4 and WP2 fraction F5
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Figure 4.7 – Mutagenicity of fractions from four soils to IC203 (A) and IC188 (B).
Spontaneous revertants have been subtracted. Doses are 500 µg/plate of each fraction and
2500 µg/plate of H. Error bars represent the standard deviations of three separate
measurements. * indicates that the average value is at least two times the average value of
the solvent control.
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were the only fractions that significantly increased the reversion rate of the oxyR proficient
strain IC188. None of the crude soil extracts significantly increased the reversion of either
strain, although MGP2 H slightly increased the number of IC203 revertants. Weighted
activities for each of the F5 fractions were calculated from the slopes of the dose-response
curves (see appendix B) and the amount of each fraction present in the soils (Table 4.4).
Weighted activities were similar for the four soils, despite the much higher k values of MGP1
and WP2, due to the low TEO content of MGP1 and the low percentage of polars present in
WP2 relative to the other soils.
Table 4.4 – Weighted Activity of F5s with IC203
Soil Slope of Dose-
Response
Curve (rev/ug
fraction)
R2 Weighted Activity
(rev/g soil)
MGP1 1.686 0.9816 2600
MGP2 0.549 0.7851 1900
WP1 0.368 0.9977 2100
WP2 1.243 0.9918 2500
4.3.5 GC/MS Analysis
All fractions from MGP1 and fractions from the other three soils that were positive
for mutagenicity in the bioassay were derivatized with BSTFA with and without NaBH4
reduction and analyzed by GC-MS. Reduction enhanced the reaction of BSTFA with the
ortho-quinones (Figure 4.7). Silylation was not necessary for the chromatography of 9,10
anthracenequinone and 7,12 benz[a]anthracene quinone, which were detected in the un-
reduced standards as the un-derivatized compounds.
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Figure 4.7 – GC-MS Chromatograms of standard quinone compounds derivatized with
BSTFA (A) and with BSTFA/NaBH4 (B). All quinones are analyzed as their trimethylsilyl
esters except 7,12-B[a]Q in panel A, which is un-derivatized.
Only the standard compounds 9-hydroxy fluorene, 9,10 anthracene quinone and 7,12
benz[a]anthracene quinone were identified in the mutagenic fractions (Table 4.5). 9,10-
Anthracenequinone was the most frequently encountered compound and was present in
mutagenic fractions from all four soils, but was also present in the non-mutagenic polar
fraction of MGP1 (F4). Additional quinones (peaks 1, 7, and 14) were identified by
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matching the spectra of the unknown peaks with those in a National Bureau of Standards
(NBS) library. Several fatty acids and the nitrogen heterocyclic PAH 9-H carbazole were
also detected as their TMS derivatives. None of the compounds identified in the mutagenic
fractions were able to revert strain IC188 or IC203 (see Appendix B). Several peaks that
could not be matched to any published mass spectra and appeared in more than one
mutagenic fraction or were prominent in a single fraction are noted in the table as
unidentified peaks (UP). Peak 3 (UP1) contained a prominent signal at [M-28]+ indicating
the loss of a CO group such as in an aromatic ketone as well as an aryl (C6H5+) ion at m/z 77
[264]. The mass spectra of the remaining UPs contained the ions m/z 73 and/or m/z 147
characteristic of the presence of a TMS group at one or more positions, respectively [263].
The mass spectrum of UP2 (peak 8) contained the [M-89]+ fragment from the splitting of an
OTMS group, indicating the presence of a hydroxy group in the molecule [263]. Mass
spectra of UP3, 4 and 5 (peaks 9, 12 and 13, respectively) each contained an [M-15]+
fragment, characteristic of TMS derivatives of aromatic compounds and an [M-117]+
fragment from the splitting of a COOTMS group, indicative of a carboxylic acid [263].
Additionally UP3 and UP5 had [M-133]+ base peaks, a characteristic of TMS derivatives of
resin acids (B. Zielinska, personal communication). Interestingly, these compounds were
only encountered in fractions from the MGP soils, rather than soils from wood preserving
sites, and may have resulted from the practice of using wood chips to remove sulfur and
cyanide from the gas [41].
The polar mutagenic fraction F4 from soil WP2 contained the highest number of
identifiable compounds. Figure 4.8 shows the chromatograms obtained from the normal (A)
and reductive (B) silylation of WP2 F4. Reduction with NaBH4 improved the detection of
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several compounds, including the 4,5-pyrenequinone spike, by more than a factor of 3 (3.2 x
106 vs. 9.3 x 105 area units). The fractions that had the highest activity in IC203 bioassays
(MGP1 F5 and WP2 F5) contained few identifiable peaks, the most prominent of which were
the TMS esters of hexadecanoic acid (peak 6) and octadecanoic acid (peak 10) (Figure 4.9).
Chromatograms of mutagenic fractions not shown in the text can be found in Appendix E.
Table 4.5 – Compounds Detected in Mutagenic Fractions by GC-MS
Peak #e RT Identity Fractions
1 16.4 9-H-Fluoren-9-onea WP2 F4-F5
2 16.9 9-Hydroxy-fluoreneb,c WP2 F4-F5
3 17.6 UP1c,d MGP1 F5, MGP2 F3-F5, WP2F4-
F5
4 19.1 9-H-Carbazolea,c WP1 F5, WP2 F4
5 19.3 9,10-Anthracenequinoneb WP2 F4
6 19.5 Hexadecanoic acida,c MGP1 F5, MGP2 F5, WP2 F5
7 20.2 Cyclopenta(d,e,f)phenanthronea WP2 F4
8 20.6 UP2c,d MGP1 F5, WP2 F4-F5, WP1F5
9 21.1 UP3c,d MGP2 F4-F5
10 21.6 Octadecanoic acida,c MGP1 F5, MGP2 F5, WP1 F5,
WP2 F5
11 22.4 9,10-Anthracenequinoneb,c MGP1 F5, MGP2 F5, WP1 F5,
WP2 F4
12 22.9 UP4c,d MGP2 F5
13 23.3 UP5c,d MGP1 F5, MGP2 F4-F5
14 24.0 7H-Benz[d,e]anthracen-7-onea WP2 F4
15 25.9 UP6c,d WP2 F4
16 26.4 7,12-Benz[a]anthracenequinoneb WP2 F4
a. Based on library spectral match.
b. Based comparison with mass spectra and retention time of standard compounds.
c. Analyzed as the TMS derivative.
d. UP, unidentified peak.
e. Numbers identify peaks in Figures 4.8 and 4.9.
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Figure 4.8 – GC-MS Chromatograms of WP2 F4 derivatized using normal (A) and
reductive (B) silylation. Peak identities are listed in table 4.5. PQ is 4,5-pyrenequinone (25
µg) added to the sample prior to derivatization.
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Figure 4.9 – GC-MS Chromatograms of mutagenic fraction F5 derivatized using
reductive silylation from MGP1 (A) and WP2 (B) soil extracts. Peak identities are listed
in table 4.5. PQ is 4,5-pyrenequinone (25 µg) added to the sample prior to derivatization.
4.3.5 – Metals in organic extracts and fractions
De-asphalted organic extracts (H) and fractions were analyzed for transition metals
by ICP-MS. The MGP1 extract H contained the highest concentrations of copper, iron,
vanadium, chromium, nickel and lead, while MGP2 H contained the highest concentration of
zinc (Table 4.6). Cadmium was present below the detection limit of 0.5 ppb in all samples.
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The extracts from the MGP soils also contained the highest total amounts of organic-
extractable metals. WP1 contained the lowest concentrations of total metals, consisting
mostly of Fe. WP2 had an intermediate concentration of metals consisting mainly of Fe and
Zn. To determine whether metal content was correlated with mutagenicity, fractions from
MGP1 and WP2 were also analyzed for the presence of transition metals. Metals were
detected in both mutagenic and non-mutagenic fractions from both soils (Table 4.7).
Additional data from the ICP-MS analyses can be found in Appendix F.
Table 4.6 – Transition Metals in De-Asphalted Organic Soil Extracts
Concentration in H (µg/g)a
Source [65Cu] [56Fe] [51V] [53Cr] [60Ni] [208Pb] [111Cd] [66Zn] Total
MGP1 1.0 32.7 9.6 3.2 2.6 0.8 --b 5.1 55.0
MGP2 0.0 21.3 4.1 2.7 0.6 0.5 -- 38.0 67.1
WP1 0.0 6.1 1.7 0.0 0.4 0.0 -- 0.0 8.2
WP2 0.0 10.2 -- 0.1 0.2 0.2 -- 16.3 27.1
Concentration in Soilc (µg/kg dry soil)
Soil [65Cu] [56Fe] [51V] [53Cr] [60Ni] [208Pb] [111Cd] [66Zn] Total
MGP1 4.9 158.1 46.5 15.2 12.5 3.8 -- 24.7 270.6
MGP2 0.0 257.0 49.1 32.0 7.1 6.0 -- 457.9 821.5
WP1 0.0 140.9 40.3 0.2 8.6 1.1 -- 0.0 214.2
WP2 0.0 257.5 -- 3.1 6.1 5.1 -- 410.3 709.2
a. Concentrations in the blanks have been subtracted.
b. Indicates the concentration was below the detection limit.
c. Concentration in soil reflects only those metals which were extractable with organic
solvent.
4.4 – Discussion
To determine whether oxidized PAHs were present in field-contaminated soil, and to
evaluate their contribution to soil mutagenicity, polarity-based fractionation followed by a
bioassay specifically designed to detect oxidative mutagens [211] was used. The organic
extract of MGP1 contained a large fraction (38%) of high-molecular weight refractory
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Table 4.7 – Transition Metals in Fractions of MGP1 and WP2
Concentration in Fractions (ug/g)a
Fraction [63Cu] [56Fe] [51V] [52Cr] [60Ni] [208Pb] [111Cd] [66Zn]
MGP1 F1 --b -- 0.8 0.2 -- -- 0.2 8.6
MGP1 F2 -- 0.9 4.0 0.6 2.6 0.1 -- 54.0
MGP1 F3 -- 62.5 68.3 1.9 5.7 0.6 0.1 50.0
MGP1 F4 21.5 45.0 137.0 3.1 8.9 -- -- 98.1
MGP1 F5 1.9 1.1 14.0 1.2 1.1 1.4 0.2 23.4
WP2 F1 13.3 22.3 3.3 1.8 -- 1.3 0.3 180.6
WP2 F2 -- -- 2.3 3.0 -- 0.7 0.2 50.6
WP2 F3 -- -- 3.8 4.0 5.7 -- 0.2 55.9
WP2 F4 0.1 -- 0.5 1.5 0.3 1.0 -- 20.7
WP2 F5 32.5 -- 1.1 1.3 0.0 3.6 0.2 63.6
a. Concentrations in the blanks have been subtracted.
b. Indicates the concentration was below the detection limit.
asphaltenes and a high concentration of polar compounds (30%), indicating a high degree of
biological and oxidative weathering [44,46]. Polar fraction F5a from MGP1 extracts
increased the amount of revertants of the oxyR- strain E. coli IC203, but not its oxyR+ parent,
IC188. A linear dose-response correlation (R2 = 0.982) was obtained from triplicate
extractions and fractionations of MGP1, and used to calculate a weighted activity [265] of
approximately 2,600 revertants/g dry soil. De-asphalted un-fractionated extract was not
mutagenic to either strain and it appeared that components present in the aliphatic (F1) and
aromatic (F2,3) fractions inhibited the reversion of strain IC203 by F5a. Antagonistic effects
between contaminants have been observed by a number of researchers evaluating the toxic
effects of complex environmental mixtures [18,192,195]. Since non-polar fractions of MGP1
extract decreased the mutagenicity of polar fraction F5, the compounds that inhibit the
mutagenic activity may present decreased availability to soil organisms in relation to the
polar mutagens. Additionally, the higher polarity of the mutagenic compounds may increase
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their dissolution and potential mobility in the environment [32,72]. It is therefore not clear
what consequences these interactions might have on the mutagenicity of the whole soil.
Catalase reduced the number of IC203 revertants caused by the mutagenic fraction,
indicating that H2O2 was required to produce ROS. Superoxide dismutase was not nearly as
effective at reducing the number of cells reverted by F5a and only a slight reduction was
evident at the maximum SOD dose (500 U/plate). Similar effects of these two antioxidant
enzymes on DNA damage caused by the metal-catalyzed redox cycling of ortho-quinones in
vitro was observed previously [12]. Exposure of SOD to hydrogen peroxide and superoxide
can cause an inactivation of the enzyme activity [266] and quinoid compounds contained in
diesel exhaust particles appear to inhibit the activity of SOD [267]. However, SOD
effectively suppressed the number of IC203 revertants caused by the oxidative mutagen 2-
methyl-1,4-naphthoquinone (menadione), indicating that redox cycling of this PAH quinone
could be alleviated by the scavenging of superoxide. The results of another study that
examined oxidant generation by PAH quinones [15] observed that SOD does not protect cells
from the toxic effects of quinone redox cycling if certain metal ions or metal chelates are also
present. Transition metals were detected in mutagenic fraction F5, and may have been
responsible for the poor suppression of F5 mutagenicity by SOD. High doses of glutathione,
an important cellular nucleophile that forms detoxifying conjugates with electrophiles (e.g.,
quinones), slightly enhanced the mutability of IC203 by F5a, and had no effect on the
number of menadione-induced revertants. Conjugation of PAH quinones with GSH via
Michael addition has been observed [238], but it has also been noted that this reaction does
not abolish redox cycling, and may in fact enhance the toxic activity of some redox-active
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quinones [13,239]. Overall, experiments with antioxidants indicate that hydrogen peroxide
generation is at least partially responsible for the oxidative mutagenicity of fraction F5a.
In order to assess the prevalence of direct-acting oxidative mutagens in PAH-
contaminated soils, three additional soil samples were subject to fractionation and bioassay.
Soil from another former MGP site (MGP2) had over twice the extractable organic content
and over ten times the amount of PAH contamination than MGP1. Two soils contaminated
with wood-preserving wastes (WP1 and WP2) were both highly contaminated with priority
PAHs. WP2 had the lowest asphaltene and polar content, as well as the largest amount of 2-
and 3-ring PAHs, indicating a low degree of weathering. All polar fractions F5 increased the
number of IC203 revertants, with those of MGP1 and WP2 having the highest mutagenic
potencies. Another polar fraction, F4 from MGP2 and WP2 extracts, also increased the
reversion rate of IC203. Aromatic fractions F3 from MGP2 and WP1, and F2 from WP1,
slightly increased the reversion rate in both strains, although only significantly in IC203.
PAH quinones and ketones are often identified in toxic and mutagenic fractions of
diesel exhaust particles and other combustion-related atmospheric particulate matter
[158,159,187,198]. Several studies evaluating the toxicity and mutagenicity of PAH-
contaminated soil have reported direct acting mutagenicity in the polar fractions [21,23], but
made no attempt to chemically identify the mutagens. Mutagenic fractions of contaminated
sediments have also been reported to contain oxidized PAHs bearing ketone and quinone
substitutions [17,18,141]. In this study, GC-MS analysis of derivatized mutagenic fractions
revealed the presence of several oxidized PAH quinones and ketones including 9-fluorenone,
9,10-anthracenequinone, 7,12-benz[a]anthracenequinone and 7H-benz[de]anthracen-7-one.
Each of these compounds has previously been identified in MGP and creosote contaminated
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soils [130,136,142,143,151]. However, none of these compounds by themselves were
mutagenic in the bioassay. The most potent mutagenic fractions (MGP1 F5 and WP2 F5)
contained few identifiable peaks, the most prominent of which were the trimethylsilyl esters
of fatty acids, which were also confirmed to be non-mutagenic in the bioassay. Ortho-
quinones produced from the common bacterial cis-diol metabolites of PAHs [76,78,82,84]
were not identified in any of the fractions. It is worth noting that although many researchers
have analyzed PAH quinones and ketones in contaminated soils, ortho-quinones such as 4,5-
pyrenequinone and 2,3-fluoranthenequinone were never among the identified compounds
[17,130,136,139,142,143,151].
De-asphalted organic extracts contained µg/g levels of transition metals, mostly Fe
and Zn, but also V, Cr, Ni, Pb and traces of Cd. Because the metals were extractable from
the soil with organic solvents, they were presumed to originate from organometallic
compounds. Metal speciation studies in contaminated soil show that as much of 45% can
exist as organic-complexed forms [28,29]. Quinones and phenols can undergo biotic and
abiotic polymerization reactions, which can be enhanced by the presence of metals [268].
Catechol undergoes partial oxidation at the expense of Fe and Mn oxides in soil; the reduced
metal oxides are then released into solution and complexed by catechol to form metal-
catecholate complexes, which are stable at low dissolved oxygen concentrations. Further
oxidation and polymerization produces low-molecular-weight, water-soluble polymers which
eventually polymerize further to form water-insoluble, high-molecular-weight polymers [30].
PAH quinones may also react with other metabolites [125] or with functional groups found in
humic substances [126-128].
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The carcinogenic properties of tar and combustion-generated inhalable particles have
long been known, and their mechanisms of toxicity have been the subject of intense study.
Although its fine structure has not been elucidated, the principal radical species in cigarette
tar, which accounts for more than 80 percent of the total paramagnetism, is thought to consist
of conjugated quinone, semiquinone and hydroquinone units [269,270]. It is also believed to
be responsible for a large part of the carcinogenic and co-carcinogenic properties of tar. The
charge-transfer interactions of the tar radical are modeled very closely by the quinone-
hydroquinone system generated during the polymerization of naphthoquinones [269]. Solid
state spectra of most types of atmospheric particulate matter (PM) by electron paramagnetic
resonance (EPR) present a single broad unstructured signal with a g-value in the range of
2.0033 - 2.0038, similar to that of the tar radical in cigarette smoke [182]. It is widely
accepted that atmospheric PM causes oxidative damage to lung tissues through the
generation of ROS [159,161,187], and transition metals are thought to play a large role in PM
toxicity [182]. Because it was not possible to correlate the mutagenicity of the polar organic
fractions of PAH contaminated soils with specific compounds using derivatization and GC-
MS, and because metals were present in the organic extracts and mutagenic fractions of the
soils, it is possible that oxidative mutagenicity was due to polymeric quinone compounds or
quinone-metal complexes. The source of oxidative mutagens in polar fractions of complex
materials such as tar is unknown, but one potential source is the partial oxidation of PAHs by
bacteria and subsequent reaction with other soil components. A critical concern with regard
to coal tar is the fact that less than 40 percent of the mass of coal tar constituents can be
quantified using conventional analytical techniques [41]. The remaining 60 percent,
sometimes referred to as “pitch”, is largely uncharacterized and is suspected of playing a
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large role in the genotoxicity of petroleum-related products. This study found that direct-
acting oxidative mutagens present in PAH-contaminated soils have higher polarities relative
to PAHs and that genotoxicity of the soils cannot yet be predicted by studying its individual
constituents.
5. CONCLUSIONS AND RECOMMENDATIONS
Quinone compounds and related products are produced from PAHs by a variety of
processes, including both prokaryotic and eukaryotic metabolism, combustion and photo-
transformation. The genotoxicity and environmental occurrence of these products are well
documented and are continually being investigated. PAH quinones previously identified as
products from bacterial transformation of PAHs were found to cause oxidative DNA damage
which in turn was found to be a consequence of hydrogen peroxide formation. Compounds
capable of causing hydrogen peroxide-mediated oxidative stress were also present in
fractionated extracts of PAH-contaminated soils, but their identity could not be elucidated. It
is therefore possible that genotoxicity was dependent on a mixture of chemicals or that the
structural nature of the mutagens precluded identification by conventional analytical methods.
Because polymerization of PAH quinones is a well-documented phenomenon, it is possible
that the observed oxidative mutagenicity was due to polyphenolic compounds, similar to the
tar radical postulated to be responsible for much of the carcinogenicity of cigarette smoke.
Electron paramagnetic resonance spectroscopy of the mutagenic fractions would help shed
more light on this phenomenon. Incubating PAH-contaminated soil with PAH quinones and
tracking their concentration as well as the potency of the mutagenic fractions would help to
determine whether polymerization of quinones occurs in soil and is responsible for the
observed genotoxicity. The effects of these compounds on the bioremediation of PAH-
contaminated soil should also be investigated. Because the mutagens were found to possess
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higher polarity relative to the remainder of the soil contaminants, they may possess increased
bioavailability and migration potential. The identity and properties of the soil components
responsible for the oxidative mutagenicity observed in this study warrant further examination.
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APPENDIX A – CHAPTER 2 SUPPLEMENTAL DATA
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Figure A.1 - Aldehydic lesions (ADL) and AP sites caused by the release of depurinating
adducts (AP) in CT-DNA treated with 50 µM P45Q and 5 µM F23Q.
Table A.1 – Effect of Active and Boiled Catalase on Quinone-induced ADL
ADL/106 Nucleotides
Compound No CAT + 30 U CAT + 30 U Boiled CAT
DMSO 6.5 ± 0.7 --a --
50 µM P45Q 45.7 ± 12.4 10.5 ± 2.5 35.6 ± 7.9
5 µM F23Q 64.2 ± 2.8 12.4 ± 0.3 64.9 ± 29
a. Not tested.
Table A.2 – Quinone Toxicity to Normal and GSH-depleted HeLa Cells
% Viability
Compound GSH+ GSH-
DMSO 95 ± 1 93 ± 3
10 µM F23Q 89 ± 1 90 ± 1
20 µM F23Q 88 ± 1 87 ± 1
30 µM P45Q 95 ± 1 95 ± 1
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Figure A.2 – ADL in HeLa cells caused by treatment with various concentrations of P45Q
and F23Q.
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Figure A.3 - Aldehydic lesions (ADL) and AP sites caused by the release of depurinating
adducts (AP) in HeLa cells treated with 30 µM P45Q, 10µM P45Q and 1 µM F23Q.
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Figure A.4 - Aldehydic lesions (ADL) in normal (GSH+) and glutathione-depleted (GSH-)
HeLa cells caused by 1 µM F23Q and 30 µM P45Q. GSH levels were 106 ± 12 µM and 7 ±
0.6 µM for normal and BSO treated cells, respectively.
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Figure A.5 – Effect of 100µM neocuproine (Neo), dipyridil (DPD) and bathocuproine
disulfonatic acid (BCS) on the toxicity of F23Q (100F23Q (100 µM) to HeLa cells.
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APPENDIX B - PROTOCOL FOR THE E. COLI WP2 REVERSE MUTATION ASSAY
Materials Equipment
ET4 agar platesa 37°C incubator
L-amp platesa Water bath set at 48-50°C
Culture tubes with Oxoid broth (5-10 mL) 100 and 1000 uL pipettors
8 mg/ml ampicillin solution Vortex mixer
13-100 mm test tubes (sterile) Glass rod for spreading plates
Molten top agar
200 and 1000 µl pipette tips (sterile)
10 mL pipettes (sterile)
a. For preparation, see section on media and buffers below.
Standard plate incorporation assay:
1. Prepare overnight cultures:
 Add 12.5 ml of ampicillin stock to 5 mL of sterile oxoid broth
 Add 50 µL of thawed E. coli frozen stock (from -80°C freezer)
 Place in 37°C static incubator for 16-18 hours (tilt the tubes about 45° to facilitate
oxygen transfer).
2. Have all materials ready prior to beginning the assay:
 Melt top agar in microwave until liquid and cool to 48-50° C in a water bath.
 Prepare appropriate dilutions of test compound(s)
 Prepare positive controls: (see appendix II for acceptable revertant ranges)
o 0.2 µg/µl 2-methyl-1,4-naphthoquinone (menadione) in DMSO for IC203
o and 0.35 µg/µl t-butyl hydroperoxide in water for IC188 and/or IC203
o 0.0025 µg/µl 4-nitroquinoline-1-oxide in DMSO for IC188 and IC203.
 Label plates (strain, identity and dosage of test compound). Plates should be at
room temperature and not excessively moist, place in 37° C incubator for 15-30
minutes if necessary.
3. Test unknowns, positive controls, and negative (solvent only) control, ideally in triplicate:
 To each sterile 13-100 mm test tube add (in order):
o 100 µL of test compound
o 2.5 mL top agar
o 100 µL overnight culture (~ 108 bacteria)
 Vortex briefly at medium speed
 Pour onto ET4 plate and tilt/swirl to distribute
 Allow top agar to solidify on a level surface (30-60 seconds) before stacking or
inverting plates.
 When all plates have been poured, move to 37°C and incubate for 48 hours.
 Count revertant colonies
92
 If toxicity is suspected (low number of revertant colonies) examine plates under a
light microscope. If the background lawn of non-revertant bacteria is sparse or
missing, then the compound causes toxicity at the dose tested.
4. Plate count (to verify the amount of viable cells in overnight cultures):
 Add 900 µl of sterile sodium phosphate buffer or Oxoid broth to six sterile 12 x
75 mm (or 13 x 100 mm) test tubes.
 Add 100 µL of overnight culture into 1st test tube and vortex.
 Remove 100µl from 1st test tube and place into 2nd test tube, vortex
 Continue until last test tube contains a 10-6 dilution of the overnight culture.
 Pipet 100 µL of the 10-6 dilution onto an L-amp plate (supplemented with 100 U
catalase for IC203) and distribute with a glass spreader (sterilize spreader by
dipping it in ethanol and passing over a flame, let cool 30 seconds).
 Incubate at 37°C for 24 hours and count resulting colonies.
 Multiply by 107 to obtain bacterial concentration in overnight cultures (e.g. if you
count 100 colonies your culture contained 1 x 109 cfu/mL). Overnight cultures
should contain about 1-2 x 109 cfu/mL.
MEDIA AND BUFFERS
0.1 M Sodium Phosphate Buffer
• Dissolve 3.45 g of monobasic sodium phosphate (NaH2PO4.H20) in 250 mL (final
volume) reagent grade water.
• Dissolve 14.2 g of dibasic sodium phosphate (Na2HPO4.H2O) in 1000 mL reagent
grade water.
• Mix approximately 120 mL of the monobasic with 880 mL of the dibasic solution and
check the pH. Adjust to pH 7.4 with the appropriate buffer (if pH < 7.4 add dibasic if
pH > 7.4 add monobasic).
Nutrient Broth
• Dissolve 12.5 g of Oxoid nutrient broth powder in 500 mL reagent water.
• Transfer 5 mL aliquots into 16 x 125 mm culture tubes and autoclave
• Store in refrigerator.
• Before inoculating add 12.5 µL ampicillin stock (final concentration 20 µg/mL) for
overnight cultures.
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ET4 Agar
• 7.5 g Bacto Agar
• 480 ml H2O
• Autoclave
• When still hot add aseptically:
 10 ml 20% Glucose (autoclaved)
 10 ml Vogel & Bonner 50X salts (autoclaved)
• Allow to cool to approximately 50°C and add:
 0.25 mL 1 mg/ml tryptophan stock
• Distribute approximately 20 mL into sterile culture dishes
L-Amp Agar
• 5 g NaCl
• 5 g tryptone
• 2.5 g yeast extract
• 10 g Bacto agar
• 500 mL DDW
• Autoclave
• When the agar has cooled to approximately 50°C add 1.25 mL 8 mg/ml ampicillin
stock.
• Distribute about 20 mL into sterile culture dishes
• Store at 4°C (stable for approximately 1 month)
Top Agar
• Add 1.8 g Bacto agar, 1.5 g NaCl and 300 mL reagent water to a 500 mL screw-top
media bottle.
• Autoclave (with cap loose)
• Place in 50°C water bath until ready for use or tighten cap and store at room
temperature. When ready to use, microwave on high power (3-5 min, removing and
shaking at least once) until liquid and place in 50°C water bath.
• During assay, maintain top agar temperature at 45-50°C.
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STOCK SOLUTIONS
20% Glucose solution
• Dissolve 100 g glucose in 400 mL reagent grade water. Bring final volume to 500
mL
• Autoclave
• Store at room temperature.
Vogel - Bonner 50X Salts
In 670 ml distilled H2O dissolve successively:
• 10 g MgSO4.7H2O
• 100 g Citric acid.H2O
• 500 g K2HPO4, anhydrous
• 175 g NaNH4HPO4.4H2O
• Adjust final volume to 1 L
• Autoclave
• Store at room temperature, protect from light.
Ampicillin Stock
• Dissolve 80 mg ampicillin in 10 mL reagent-grade water (8 mg/mL)
• Filter sterilize (0.2 µm filter)
• Store at -20°C
Tryptophan Stock
• 20 mg L-tryptophan in 20 mL reagent-grade water (1 mg/ml)
• Filter sterilize (0.2 µm filter)
• Store at 4°C
Catalase Stock
• Weigh 10,000 Units of catalase (bovine liver, from Sigma – check the units/mg solid
value on the side of the bottle)
• Dissolve in 1 mL 0.1 M sodium phosphate buffer.
• Filter sterilize if necessary.
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APPENDIX C – CONCENTRATIONS OF INDIVIDUAL PAHS THE FOUR SOILS
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APPENDIX D – GC-MS ANALYSIS
List of Abbreviations
FLU Fluorene
ANT Anthracene
PHE Phenanthrene
FLA Fluoranthene
PYR Pyrene
BaA Benz[a]anthracene
CHR Chrysene
BaP Benzo[a]pyrene
Me- Methyl-
Et- Ethyl-
PQ Pyrene-4,5-quinone spike
NQ Naphthalene-1,2-quinone spike
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APPENDIX E – BIOASSAY SUPPLEMENTAL DATA
Table E.1. - Spontaneous and Chemically Induced Revertants of E. coli WP2 IC188 and
IC203
# of Revertants/plate (average ± std.
dev.)a
Compound Dose
(µg/plate)
IC188 IC203
Spontaneous -- 125 ± 27 174 ± 27
Menadione 20 110 ± 19 584 ± 143
t-butyl-hydroperoxide 35 255 ± 16 448 ± 60
Hydrogen peroxide 50
100
193 ± 11
299 ± 28
660 ± 75
870 ± 85
4-nitroquinoline-1-oxide 0.1
0.25
0.5
181 ± 24
456 ± 55
805 ± 34
316 ± 35
611 ± 32
1170 ± 53
4.5-Pyrenequinone 25
250
111 ± 4
116 ± 20
256 ± 6
279 ± 9
2,.3-Fluoranthenequinone b 25
50
179 ± 16
139 ± 18
317 ± 15
505 ± 150
a. Average and standard deviation of at least three separate plates.
b. Toxic to both strains at concentrations of 100 µg/plate and higher, as evidenced by a sparse
or non-existent background lawn and a reduction in the number of revertants.
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Figure E.1 – Dose response curves for mutagenic fraction F5 from four soil extracts.
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Table E.2 Mutagenicity of Compounds Identified in Mutagenic Fractions by GC/MS
# of Revertants/plate (average ± std.
dev.)a
Compound Dose
(µg/plate)
IC188 IC203
Spontaneous -- 135 ± 10 210 ± 23
Positive controlb --b 530 ± 98 569 ± 126
9,10-Anthracenequinone 100
250
118 ± 14
131 ± 11
215 ± 15
192 ± 1
7,12-Benz[a]anthracenequinone 100
250
131 ± 13
123 ± 16
251 ± 17
186 ± 42
9-H-Fluoren-9-one 50
100
500
127 ± 3
96 ± 28
49 ± 4c
204 ± 6
248 ± 60
56 ± 25c
9-Hydroxyfluorene 100
500
132 ± 7
64 ± 28c
245 ± 43
172 ± 8
7H-Benz[d,e]anthracen-7-one 100
500
111 ± 5
111 ± 16
225 ± 23
210 ± 11
Octadecanoic acid 100
500
107 ± 5
100 ± 5
186 ± 15
201 ± 1
a. Average and standard deviation of at least three separate plates.
b. Positive control was 0.25 µg/plate of 4-nitroquinoline-1-oxide for IC188 and
20 µg/ plate menadione for IC203.
c. Decrease in the number of revertants was accompanied by a thinning of the background
lawn, consistent with toxicity.
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APPENDIX F – METALS ANALYSIS SUPPLEMENTAL DATA
Table F.1 Metals Analysis Data of De-Asphalted Crude Extracts
[65Cu] [56Fe] [51V] [53Cr] [60Ni] [208Pb] [111Cd] [66Zn]
Measured Concentration ppb ppb ppb ppb ppb ppb ppb ppb
MGP1 3.36 47.6 10.2 3.96 3.44 1.18 0.0411a 43.1
MGP2 1.55 33.6 3.97 3.19 1.28 0.822 0.0581 74.40
WP1 1.21 17.6 1.35 0.630 0.994 0.378 0.0245 24.9
WP2 1.62 22.1 0.0939 0.734 0.930 0.521 0.0350 52.2
Concentration in Blanks
Method Blank 2.282 13.0 0.0345 0.625 0.713 0.341 0.0279 37.7
Solvent Blank 1.19 13.0 0.0335 0.568 0.576 0.383 0.0207 38.2
Net Concentration
MGP1 1.08 34.60 10.17 3.34 2.73 0.84 0.01 5.40
MGP2 0.00 20.60 3.94 2.57 0.57 0.48 0.03 36.70
WP1 0.00 4.60 1.32 0.01 0.28 0.04 0.00 0.00
WP2 0.00 9.10 0.06 0.11 0.22 0.18 0.01 14.50
a. Values in bold are below the conservative limit of quantitation (LOQ) of 5.00 ppb for 66Zn;
1.00 ppb for 56Fe and 0.500 ppb for all other elements.
b. Concentration in blanks has been subtracted.
Table F.2 – Metals Analysis Data of MGP1 and WP2 Fractions
[63Cu] [56Fe] [51V] [52Cr] [60Ni] [208Pb] [111Cd] [66Zn]
ppb ppb ppb ppb ppb ppb ppb ppb
Measured Concentration
Blanks 1.08 43.90 -0.08a 0.02 1.19 0.48 0.03 6.54
0.99 42.10 -0.12 0.00 1.28 0.50 0.03 6.44
2.48 37.80 -0.04 0.03 0.27 0.51 0.03 8.68
2.79 38.00 -0.08 0.09 0.83 0.63 0.03 9.56
Average 1.84 40.45 -0.08 0.04 0.89 0.53 0.03 7.81
S.D. 0.93 3.04 0.03 0.04 0.46 0.07 0.00 1.56
MGP1 F1 1.15 34.2 0.438 0.175 0.571 0.509 0.144 13.4
MGP1 F2 1.03 41.1 2.70 0.452 2.74 0.575 0.0628 45.6
MGP1 F3 1.21 59.2 20.4 0.624 2.59 0.703 0.0736 22.8
MGP1 F4 1.18 38.8 39.3 1.74 2.74 0.983 0.0436 40.1
MGP1 F4 11.6 39.0 40.6 1.80 2.72 1.97 0.0395 27.3
MGP1 F5 3.23 63.8 4.59 0.156 0.897 0.534 0.0465 22.4
WP2 F1 3.84 43.8 0.406 0.310 0.465 0.724 0.0655 34.9
WP2 F2 0.882 35.5 0.255 0.492 0.826 0.633 0.0553 15.4
WP2 F3 1.10 22.0 0.298 0.438 1.46 0.513 0.0506 13.4
WP2 F4 2.15 36.5 0.377 2.85 1.25 1.73 0.0554 39.6
WP2 F4 18.1 24.4 0.460 0.705 0.893 2.32 0.141 39.6
WP2 F5 1.79 28.3 0.463 0.632 1.15 1.49 0.0532 23.4
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Table F.2, Continued
[63Cu] [56Fe] [51V] [52Cr] [60Ni] [208Pb] [111Cd] [66Zn]
ppb ppb ppb ppb ppb ppb ppb ppb
Net Concentrationb
MGP1 F1 -0.69 -6.25 0.52 0.14 -0.32 -0.02 0.11 5.59
MGP1 F2 -0.81 0.65 2.78 0.41 1.85 0.05 0.03 37.79
MGP1 F3 -0.63 18.75 20.48 0.58 1.70 0.17 0.04 14.99
MGP1 F4 0.18 13.00 39.20 0.89 2.61 -1.38 -1.41 36.05
MGP1 F4 10.6 13.2 40.5 0.9 2.6 -0.4 -1.4 23.3
MGP1 F5 0.97 0.55 6.98 0.59 0.54 0.72 0.12 11.69
WP2 F1 2.00 3.35 0.49 0.27 -0.42 0.19 0.04 27.09
WP2 F2 -0.96 -4.95 0.34 0.45 -0.06 0.10 0.03 7.59
WP2 F3 -0.74 -18.45 0.38 0.40 0.57 -0.02 0.02 5.59
WP2 F4 0.31 -3.95 0.46 2.81 0.36 1.20 0.03 31.79
WP2 F4 -0.05 -12.15 0.54 0.59 0.26 0.96 0.02 15.59
WP2 F5 16.26 -16.05 0.54 0.67 0.00 1.79 0.11 31.79
ug/g fraction
MGP1 F1 0.0 0.0 0.8 0.2 0.0 0.0 0.2 8.6
MGP1 F2 0.0 0.9 3.9 0.6 2.6 0.1 0.0 54.0
MGP1 F3 0.0 62.5 68.2 1.9 5.6 0.6 0.1 50.0
MGP1 F4 0.5 37.1 112.0 2.5 7.5 0.0 0.0 103.0
MGP1 F4 42.4 52.8 162.0 3.6 10.0 0.0 0.0 93.2
MGP1 F5 1.9 1.1 13.9 1.2 1.1 1.4 0.2 23.4
WP2 F1 13.3 22.3 3.3 1.8 0.0 1.3 0.3 180.6
WP2 F2 0.0 0.0 2.3 3.0 0.0 0.7 0.2 50.6
WP2 F3 0.0 0.0 3.8 4.0 5.7 0.0 0.2 55.9
WP2 F4 0.3 0.0 0.4 2.3 0.3 1.0 0.0 26.5
WP2 F4 0.0 0.0 0.5 0.6 0.3 0.9 0.0 14.9
WP2 F5 32.5 0.0 1.1 1.3 0.0 3.6 0.2 63.6
Average of Duplicate Samples (ug/g fraction)
MGP1 F4 21.4 45.0 137.0 3.1 8.9 -2.7 -4.8 98.1
S.D. 29.6 11.1 35.4 0.8 2.1 1.6 1.1 6.9
%RSD 138.0 24.6 25.8 24.4 23.3 59.5 23.0 7.1
WP2 F4 0.1 -7.4 0.5 1.5 0.3 1.0 0.03 20. 7
S.D. 0.2 5.8 0.1 1.3 0.04 0.1 0.01 8.2
%RSD 200.0 78.7 20.0 86.9 14.3 10.0 33.33 39.8
a. Values in bold are below the conservative limit of quantitation (LOQ) of 5.00 ppb for 66Zn;
1.00 ppb for 56Fe and 0.500 ppb for all other elements.
b. Concentration in blanks has been subtracted.
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